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17 ABSTRACT

18 In this study, efficient simultaneous elimination of typical mine pollutants 

19 benzotriazole (BTA) and Cr(VI) was achieved by using a copper slag (CS) activated 

20 peroxodisulfate (PDS) Fenton system, with WS2 as a co-catalyst. The combined use of 

21 these two mine-sourced materials enables excellent pollution removal efficiency. CS 

22 can continuously release ferrous ions for the advanced oxidation processes (AOPs), 

23 while WS2 as a co-catalyst has key roles in acceleration of the rate-limiting step of 

24 Fe3+/Fe2+ conversion and prevention of Fe3+ precipitation. In this process, Fe3+/Fe2+ 

25 conversion primarily occurs on the surface of WS2, whereas PDS decomposition and 

26 BTA degradation are dominated by homogeneous Fenton reactions. Dissolved Fe2+ has 

27 a main role in the activation of PDS and generation of ROS. The contributions of free 

28 radicals, singlet oxygen and Fe(IV) in BTA degradation were carefully evaluated. 

29 Fe(IV) was identified as the major ROS responsible for degradation of BTA in the 

30 CS/WS2/PDS system. This was further confirmed by the Raman spectra and the 

31 detection of BTA degradation products formed by the transfer of oxygen atoms. 

32 Kinetics calculation showed that Fe(IV) was responsible for 63.4% of the degradation 

33 of BTA. More importantly, water matrix had a low impact on the degradation of BTA 

34 due to the high selectivity of Fe(IV). This study provides a new strategy for a cost-

35 effective and efficient decontamination of the environment in mining areas.

36 Keywords: Copper Slag; Metal Sulfide; Iron Redox Cycle, Ferryl; Combined Pollution; 

37 Kinetics
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38 1. Introduction

39 Long-term mining activities have caused serious pollution in the environment, 

40 which is the inevitable result of the economic development and social demand for 

41 mineral products. Mining pollution not only contains various metal(loid)s, but it also 

42 contains a large number of mineral organic flotation reagents [1, 2]. BTA, an emerging 

43 contaminant, is widely applied to extraction of minerals [3-5]. However, this compound 

44 is a proven endocrine disruptor which is also resistant to biodegradation [6]. Due to its 

45 high toxicity, carcinogenicity and teratogenicity Cr(VI) is one of the most toxic 

46 pollutants in the mine environment [7]. Cr(III) is thermodynamically the most stable 

47 oxidation state of this element, kinetically inert, and significantly less toxic [8]. 

48 Therefore, development of a highly efficient system that is able to degrade organic 

49 flotation reagents and simultaneously reduce Cr(VI) to Cr(III) is imperative. 

50 Peroxydisulfate (PDS; S2O8
2−) based advanced oxidation processes (AOPs) have 

51 been widely employed for elimination of organic pollutants from wastewater [9, 10]. 

52 However, homogeneous AOPs usually suffer from some drawbacks that lower their 

53 efficiency and limit their application [11, 12]. In order to overcome the difficulties 

54 encountered in the application of homogeneous AOPs, various heterogeneous catalysts 

55 have been developed so far [13, 14]. However, most of them are limited to laboratory 

56 studies or small trials. Furthermore, most of them are unacceptable for large-scale 

57 pollution remediation due to the high cost and hidden danger of secondary pollution. In 

58 that respect, a more sensible option would be to use iron-bearing solid waste as a 
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59 heterogeneous Fenton catalyst. One of the potential candidates to be used for this 

60 purpose is CS, a by-product of the copper flotation and refining [15, 16]. 

61 Despite the widespread utilization of heterogeneous catalysts, the decomposition 

62 rate of PDS is still very low due to the inefficiency of Fe(III)/Fe(II) cycle. Many efforts 

63 have been made to improve the inefficient transformation of Fe(III) to Fe(II). Some of 

64 them involved addition of various organic ligands [17, 18], organic carboxylic acids 

65 [19-21] or polyphenols [22, 23]. In comparison with organic co-catalysts, inorganic co-

66 catalysts are more stable, eco-friendly and sustainable. Recently, researchers have 

67 found that metal sulfides such as WS2, MoS2 and ZnS can be used as co-catalysts to 

68 promote the Fenton process by accelerating the rate-limiting step of Fe(III)/Fe(II) 

69 transformation [24-26]. Among these metal sulfides, WS2 has attracted much attention 

70 due to its stronger redox capacity, stable physicochemical property and abundant 

71 resources [25, 27]. However, these studies were more focused on the homogeneous 

72 Fenton system [24, 25, 28]. In addition, these studies lack in-depth critical discussion 

73 on the generated ROS. Almost all of them revealed that free radicals were the primary 

74 ROS only by quenching experiment or electron paramagnetic resonance (EPR) analysis. 

75 Recent studies revealed that non-radical ROS such as singlet oxygen (1O2) or ferryl iron 

76 (Fe(IV)) generated from iron activated Fenton reactions at neutral pH were primary 

77 working ROS, responsible for the degradation of organic compounds [29-33]. However, 

78 the generation of non-radical ROS has never been evaluated in the WS2 co-catalyzed 

79 systems. It has remained unclear so far whether Fe(IV) or singlet oxygen can be 
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80 produced in the CS/WS2/PDS system.

81 The objectives of this study are to: (1) investigate the possibilities for application 

82 of copper slag in degradation of BTA and reduction of Cr(VI), (2) evaluate the co-

83 catalytic behavior of WS2 on the CS/PDS heterogeneous Fenton process, and (3) 

84 elucidate the main ROS in the CS/WS2/PDS system by diverse methods such as 

85 quenching experiments, in situ Raman spectrum, EPR analysis and product 

86 identification by gas chromatography-mass spectrometry (GC-MS).

87 2. Materials and methods

88 2.1. Materials

89 All details about the chemicals used in this study are presented in the Supporting 

90 Information Text S1. CS was obtained from Sichuan Pengcheng Mining Co., Ltd. The 

91 CS was air-dried, then milled with an agate mortar and screened through a 100-mesh 

92 sieve.

93 2.2. Simultaneous oxidation of BTA and reduction of Cr(VI)

94 The simultaneous removal experiments of BTA and Cr(VI) were performed in 50 

95 mL centrifuge tubes with 20 mg/L of BTA, 20 mg/L of Cr(VI) and 3 mM of PDS. The 

96 initial pH was adjusted to 3.0 ± 0.1. Then 10 g/L of CS and 4 g/L of WS2 were rapidly 

97 added into the mixed solution. At predetermined time intervals, 0.5 mL of the reaction 

98 solution was withdrawn and 0.5 mL of the saturated sodium thiosulfate solution was 

99 added to quench the reaction. Finally, the reaction solution was filtered through a 

100 polyethersulfone membrane (0.22 μm) for a further analysis. 
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101 For the cycle experiments, every 2 hours additional portions of BTA and Cr(VI) 

102 were added to the system [34]. Then PDS was added to initiate the next cycle.

103 2.3. Analytical methods

104 The residual concentration of BTA was quantified using a HPLC (Alliance) with a 

105 UV detector. The mobile phase consisted of 40 % MeOH and 60 % water at the flow 

106 rate of 1 mL/min. The detection wavelength was set at 280 nm. Cr(VI) residual 

107 concentration was quantified using a UV-vis spectrophotometer (UV-DR6000, HACH, 

108 USA) with 1,5-diphenylcarbazide colorimetric method [35]. Methyl phenyl sulfoxide 

109 (PMSO) and methyl phenyl sulfone (PMSO2) were analyzed using HPLC. All details 

110 about this analytical method are provided in Supporting Information Table S6. After 

111 addition of 1,10-phenanthroline, the dissolved Fe2+ concentration was determined with 

112 UV-vis spectrophotometer at 510 nm. The total iron was determined after addition of 

113 hydroxylamine hydrochloride followed by addition of 1,10-phenanthroline. The 

114 dissolved Fe2+/Fe3+ was measured after filtration, while the total Fe2+/Fe3+, including 

115 dissolved and surface-bound species, was measured before filtration [29]. PDS 

116 concentration was measured by the KI method [36]. Free radicals were measured using 

117 an electron paramagnetic resonance spectroscopy instrument (EPR, Bruker E 500, 

118 Germany). TOC analyzer (TOC-V, Shimadzu, Japan) was used to determine the total 

119 organic carbon. Method for the detection and identification of BTA degradation 

120 products is described in Supporting Information Text S2.

121 3. Results and discussion
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122 3.1. Characterization of the copper slag

123 X-ray fluorescence spectroscopy (XRF) was used to determine the chemical 

124 components of the CS. As Table S1 shows, the CS used in this study consisted mainly 

125 of iron oxides (Fe2O3, 50.49 %), SiO2 (27.62 %), Al2O3 (4.09 %), ZnO (3.80 %) and 

126 CaO (3.72 %). The mineralogical characterization of the CS was conducted using X-

127 ray infrared diffraction (XRD). The XRD powder diffraction patterns of the initial CS 

128 and the used CS are shown in Figure 1A. The main diffraction peaks of the initial CS 

129 are typical diffraction peaks of fayalite (Fe2SiO4). These results are consistent with 

130 previous reports which claimed that the major phase of CS was an iron-calcium-

131 aluminosilicate [37, 38]. The diffraction peaks at 17.27°, 25.17°, 32.10°, 34.30°, 35.26°, 

132 36.06°, 51.67° and 61.00° were assigned to (020), (111), (130), (112), (222) and (242) 

133 lattice planes of fayalite, respectively. Scanning electron microscopy (SEM) was 

134 applied to characterize the morphology of the CS. As Figure 1B shows, CS particles 

135 have irregular structures with different particle sizes. The size of the CS particles is 

136 approximately 0.2-20 m. X-ray photoelectron spectroscopy (XPS) was used to 

137 analyze the elemental composition and the variation of valences of the elements on the 

138 catalyst’s surface. Figure S1A shows that the surface of CS used in this research mainly 

139 consists of O, C, Si and Fe. XPS spectra of Fe 2p3/2 revealed that Fe2+ was the major 

140 iron species on the surface of the initial CS (Figure S1B), which was consistent with 

141 XRD analysis. Nitrogen adsorption and desorption experiments showed that the 

142 specific surface area of the CS was only 0.83 m2/g (Figure S2), and the average pore 
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143 size was approximately 2.49 nm. These results indicate that the CS has a very low 

144 adsorption capacity for pollutants. 

145 The safety performance of CS was evaluated by toxicity leaching experiment 

146 according to the Toxicity Characteristic Leaching Procedure (TCLP) recommended by 

147 U.S. Environmental Protection Agency (EPA). The toxicity leaching results are shown 

148 in Table S3. The leaching concentrations of all heavy metals in the leaching solution 

149 are below the limit of hazardous components specified by the National Standard of 

150 China (“Identification standards for hazardous wastes - Identification for extraction 

151 toxicity” GB 5085.3—2007). Therefore, according to these results it can be presumed 

152 that this CS can be used as an eco-friendly catalyst for Fenton reactions or a heavy 

153 metal stabilizer that will not introduce any other pollutants.

154

155

156 Figure 1. (A) XRD patterns of CS and WS2 before and after reaction; (B) SEM images 

157 of CS and WS2 before and after reaction.
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158 3.2. WS2 co-catalytic AOP performance in the degradation of BTA

159 The performance of the CS/WS2/PDS system was evaluated with the simultaneous 

160 removal of BTA and Cr(VI). Preliminary investigations were conducted in a CS/PDS 

161 system, and separately, in the WS2/PDS system. The purpose of these preliminary 

162 experiments was to verify if any of these two systems was able to efficiently remove 

163 BTA and Cr(VI). As shown in Figure 2A, the degradation efficiency of BTA in the 

164 CS/PDS system was negligible. This observation can be ascribed to two reasons. On 

165 the one hand, the spinel structure of fayalite makes dissolution of iron from CS difficult 

166 (Figure S3). Moreover, a small amount of ferrous iron leached from CS preferentially 

167 donates electrons to Cr(VI). Because, we found that in the absence of Cr(VI), BTA can 

168 be removed by about 15% in the CS/PDS system (Figure S4). On the other hand, CS 

169 has an extremely low BET surface area of 0.83 m2/g, which is not conducive to the 

170 adsorption and removal of BTA. The removal efficiency of BTA in the WS2/PDS 

171 system was approximately 25 % within 120 min, suggesting that PDS could be slightly 

172 activated by WS2. However, a complete elimination of BTA was achieved within 120 

173 min with 41.9 % TOC removal efficiency in the CS/WS2/PDS system (Figure S5). The 

174 removal rate of BTA in the CS/WS2/PDS system was approximately 82 times higher 

175 than in the CS/PDS system (Figure 2B). Since both, the CS/PDS and WS2/PDS systems 

176 could hardly degrade BTA, WS2 might enhance the degradation of BTA in the 

177 CS/WS2/PDS system by accelerating the Fenton reaction. The metal sulfide could lower 

178 the pH of the system [25], which might induce the iron dissolution and favor the Fenton 
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179 reaction. The pH of the CS/WS2/PDS system decreased continuously from 3.0 to 2.3 

180 throughout the reaction (Figure S6). To investigate the role of decreased pH on the 

181 Fenton process, H2SO4 was used instead of WS2 to evaluate the BTA degradation 

182 performance in the CS/H2SO4/PDS system. The degradation of BTA was slightly 

183 increased in the CS/H2SO4/PDS system in comparison with the pure CS/PDS system 

184 (Figure S7), but still much lower than the degradation rate of BTA in CS/WS2/PDS 

185 system. This result suggested that the decreased pH caused by WS2 only slightly 

186 contributed to the better BTA degradation performance of the CS/WS2/PDS system. 

187

188

189 Figure 2. Time profiles of BTA degradation in the mixed system. Reaction conditions: 

190 [BTA]0 = 20 mg/L, [Cr(VI)]0 = 20 mg/L, [PDS]0 = 3 mM, [CS]0 = 10 g/L, [WS2]0 = 4 

191 g/L, pH = 3.0

192

193 3.3. Identification of working ROS

194 3.3.1. Probing free radicals

195 Sulfate radicals and hydroxyl radicals are generally produced in the process of PDS 
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196 decomposition mediated by transition metals. tert-Butyl alcohol (TBA) can effectively 

197 remove •OH. However, TBA is not efficient with SO4
•– due to the different reactivity of 

198 TBA with SO4
•– and •OH (k •OH, TBA = (3.8 – 7.6) × 108 M–1 s–1; k SO4•–, TBA = (4 – 9.1) × 

199 105 M–1 s–1) [39]. Ethanol (EtOH) is usually used to quench both SO4
•– and •OH owing 

200 to the high reaction rate of EtOH with both, SO4
•– and •OH (k SO4•–, EtOH = 1.6 – 7.7 × 

201 107 M–1 s–1; k OH, EtOH = 1.2 – 2.8 × 109 M–1 s–1) [40]. As shown in Figure 3A, the 

202 addition of excess of TBA was not able to effectively inhibit the degradation of BTA. 

203 The removal efficiency of BTA decreased only from 100 % to 76.5 %, indicating that 

204 •OH was not the main ROS in this system. After the addition of 0.1 M EtOH, the 

205 removal efficiency of BTA decreased from 100 % to 48.8 %. Notably, EtOH can not 

206 only react with hydroxyl radicals and sulfate radicals, but also with other ROS such as 

207 Fe(IV) (k Fe(IV), EtOH = 2.51 × 103 M–1 s–1) [41]. Since ethanol inhibited only 

208 approximately half of the BTA removal efficiency, it can be presumed that there were 

209 some other active species in the system, except for free radicals, which contributed to 

210 the degradation of BTA.

211 3.3.2. Probing superoxide radical and singlet oxygen

212 It has been reported that PDS can generate 1O2 in some catalytic reactions, where 

213 O2
•− is a precursor of 1O2 [42-45]. Herein, we studied the contribution of superoxide 

214 radicals to BTA degradation using p-benzoquinone (p-BQ) as a quencher of O2
•– (k O2

•–, 

215 p-BQ = ~ 109 M–1 s–1) [46]. The results in Figure 3B show that 10 mM of p-BQ can 

216 significantly inhibit the oxidation of BTA. The removal efficiency of BTA decreased 
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217 from 100 % to 13.6 %, which indicated that O2
•– was involved in the oxidation of BTA. 

218 However, BTA could not be degraded by O2
•– generated from the xanthine/xanthine 

219 oxidase system (Figure S8). Furthermore, as shown in Figure S9, no reduction products 

220 of NBT were observed at 530 nm, suggesting negligible contribution of O2
•− on the 

221 degradation of BTA [47]. Additionally, considering the fact that O2
•− usually originates 

222 from dissolved oxygen in the solution, degradation of BTA was also investigated in an 

223 inert atmosphere of N2. A negligible effect of O2 on the degradation of BTA was 

224 observed (Figure S10), suggesting that superoxide radical did not exist in the 

225 CS/WS2/PDS system. Consequently, we assert that O2
•− was not involved in the 

226 degradation of BTA in the CS/WS2/PDS system. A significant inhibition of BTA 

227 degradation by p-BQ can be explained by a direct consumption of PDS and the 

228 competitive depletion of ROS by p-BQ (Figures S11 and S12). For example, p-BQ also 

229 had a significant inhibitory effect on the BTA degradation in the conventional Fenton 

230 reaction (Fe2+/H2O2 system) (Figure S12), in which hydroxyl radicals are usually 

231 considered the primary ROS.

232 Subsequently, the quenching experiments of 1O2 were performed by adding FFA (k2 

233 1O2, FFA = 1.2 × 108 M–1 s–1) [31, 48] (Figure 3C). The addition of 10 µM of FFA had a 

234 negligible effect on the BTA degradation rate, suggesting that 1O2 was probably not the 

235 main ROS in this system. However, after the addition of 0.1 M FFA, the removal rate 

236 of BTA was significantly inhibited. The inhibitory rate of BTA degradation caused by 

237 FFA addition was higher than 75 %. The phenomenon that FFA had no effect on the 



13

238 organic pollutant degradation at a low concentration, but a strong inhibitory effect at a 

239 high concentration, is similar with conclusions from some previous research [49]. This 

240 observation can be explained by the fact that FFA at high concentrations (e.g., 0.1 M) 

241 competitively consumed the ROS, resulting in the inhibition of BTA degradation [49]. 

242 Indeed, FFA is easily oxidized by various ROS that have high redox potential and even 

243 by peroxymonosulfate (PMS) directly, but not by PDS (Figure S13) [50]. The 

244 significant inhibitory effect of FFA on BTA degradation in the conventional Fenton 

245 reaction (Fe2+/H2O2 system) also proved that FFA was easily oxidized by free radicals, 

246 in which •OH is considered to be the main ROS (Figure S14). Thus, FFA at high 

247 concentrations would lead to the misjudgment of 1O2.

248 Previous studies that were focused on the singlet oxygen reported that 1O2 had a 

249 longer lifetime in D2O (22 - 70 μs) than in H2O (2.9-4.6 μs), and that water could act as 

250 a scavenger for 1O2 (k H2O, 1O2 = ~ 105 M–1 s–1) [51, 52]. However, water is generally used 

251 as the reaction medium. Therefore, the degradation efficiency of a target contaminant 

252 would definitely be limited. Luo et al. [53] found that, when the Fenton-like process 

253 was performed in D2O, bisphenol A removal rate increased by 38 %. Thus, in order to 

254 further confirm whether 1O2 served as the major ROS in this study, the degradation 

255 experiment of BTA was also conducted in D2O. Unexpectedly, the degradation of BTA 

256 hardly changed in D2O compared to H2O (Figure 4D). This result further excluded the 

257 involvement of 1O2 as a ROS in this system.
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258

259 Figure 3. Effects of Ethanol, TBA (A), p-BQ (B) and FFA (C) on the degradation of 

260 BTA; Time profile of BTA degradation in D2O (D).

261 3.3.3. EPR analysis

262 Electron paramagnetic resonance (EPR) spectroscopy was coupled with 5,5-

263 dimethyl-1-pyrolin-N-oxide (DMPO) as a spin-trapping agent to detect free radicals 

264 generated in the CS/WS2/PDS system (Figure 4A). The signal of DMPO–OH adducts 

265 can be clearly observed with typical 1:2:2:1 type characteristic peaks in the CS/PDS 

266 system and in the CS/WS2/PDS system, suggesting the existence of hydroxyl radicals 

267 in both of these systems. Nevertheless, the characteristic absorption peaks in the 

268 CS/WS2/PDS system are much higher than in the CS/PDS system. This result indicates 

269 that the yield of hydroxyl radicals in the CS/WS2/PDS system is much higher than in 

270 CS/PDS system. Furthermore, the adsorption peaks of hydroxyl radical adducts in the 
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271 WS2/PDS system are very weak. Because of that, the significant enhancement of PDS 

272 decomposition and hydroxyl radical production should not be ascribed to the activation 

273 of PDS by WS2. Therefore, the accelerated generation of •OH in CS/WS2/PDS system 

274 should be attributed to the accelerated generation of Fe2+ after the addition of WS2. The 

275 signal of DMPO–SO4
– adduct was barely found due to its rapid transformation to 

276 DMPO–OH adduct. Furthermore, the DMPO–OH adducts could also be produced by 

277 the direct oxidation of DMPO by Fe(IV) or singlet oxygen [54, 55].

278 A very weak signal of TEMP–1O2 adduct in the EPR spectrum also confirmed that 

279 a singlet oxygen was not the primary ROS in the CS/WS2/PDS system (Figure 4B). 

280 Although EPR spectra show that 1O2 seems to exist in both CS/PDS and CS/WS2/PDS 

281 systems, BTA can hardly be degraded in the CS/PDS system. The TEMP–1O2 adduct 

282 peaks in the CS/WS2/PDS system are just slightly higher than those in the CS/PDS 

283 system. Obviously, the efficient BTA degradation could not be attributed to 1O2. Nardi 

284 et al. [56] found that EPR detection of TEMPO might not be associated with a singlet 

285 oxygen production. Excited sensitizer can abstract one electron from TEMP, which 

286 leads to the formation of TEMP•+, that goes through deprotonation and combination 

287 with dissolved oxygen to form TEMPO. These processes might be responsible for 

288 appearance of weak TEMP–1O2 adduct peaks in the CS/PDS and CS/WS2/PDS systems. 

289 Therefore, 1O2 was excluded as the major ROS responsible for BTA degradation.

290
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291

292 Figure 4. (A) TMPO trapped EPR spectra of hydroxyl radical/sulfate radical and (B) 

293 TEMP trapped EPR spectra of singlet oxygen at different conditions. 

294  

295 3.3.4. Probing Fe(IV)-oxo (ferryl) species

296 Some studies have found that Fe(IV)-oxo (ferryl) species are the main non-radical 

297 ROS in iron-based materials mediated AOPs [57-59]. PMSO was usually chosen as a 

298 probe compound to verify the existence of Fe(IV), because it could be oxidized by 

299 Fe(IV) to generate PMSO2 through the oxygen atom transfer mode [60]. This is a 

300 reaction that clearly distinguishes free radicals and Fe(IV). Because of that, the 

301 oxidation behavior of PMSO and the yield of PMSO2 in the CS/WS2/PDS system were 

302 investigated. As shown in Figure 5A, PMSO was gradually degraded in 60 min, with 

303 the removal efficiency of 91.4 %. Interestingly, we found that the degradation of PMSO 

304 was accompanied by the obvious generation of PMSO2. The yield of PMSO2 (η 

305 (PMSO2), the molar ratio of PMSO2 produced to PMSO decreased) was quantified to 

306 be 0.67 over the reaction time (Eq 1) (Figure S15). These results suggested that Fe(IV) 

307 could be generated in the CS/WS2/PDS system at acidic pH (Eq 2), which might be the 



17

308 main cause for the degradation of BTA. Raman spectrum was recorded to confirm the 

309 generation of Fe(IV) in the CS/WS2/PDS system (Figure 5B). A new peak emerged at 

310 ~ 698 cm–1 in the CS/WS2/PDS system, which could be attributed to Fe(IV) generated 

311 from the oxidation of Fe2+ [29]. Furthermore, DMSO generally functions as both, an 

312 •OH scavenger and an O-atom acceptor [61, 62]. Moreover, PDS do not react with 

313 PMSO (Figure S16). As Figures 5C and D show, the addition of DMSO showed an 

314 evident inhibition on the degradation efficiency and kinetics of BTA. The removal 

315 efficiency of BTA decreased from 100 % to 10.7 %. Since •OH has been confirmed to 

316 have a relatively low contribution to the degradation of BTA, it can be concluded that 

317 Fe(IV) primarily contributed to the degradation of BTA. 

318

319  (1)  =  
∆ 𝑃𝑀𝑆𝑂2

∆ 𝑃𝑀𝑆𝑂

320  (2)  𝐹𝑒2 + + 𝑆2𝑂2 ―
8  →𝐹𝑒𝐼𝑉𝑂2 + +2𝑆𝑂2 ―

4
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321

322 Figure 5. (A) The degradation of PMSO and generation of PMSO2 in the CS/WS2/PDS 

323 system (Reaction conditions: pHinitial = 3.0, [PMSO]0 = 10 mg/L, [PDS]0 = 3 mM, [CS]0 

324 = 10 g/L, [WS2]0 = 2 g/L); (B) Raman spectra of CS and CS/WS2 mixture; (C) Time 

325 profiles of BTA degradation with or without DMSO; (D) Plots of −ln(C/C0) versus time 

326 for the degradation of BTA with or without DMSO.

327 3.4. Kinetics calculation

328 To further determinate the relative contributions of SO4
•–, •OH and Fe(IV) during 

329 BTA degradation, based on the previous studies [29, 30], the kinetics experiments were 

330 conducted in the mixed system which included nitrobenzene (NB), benzoic acid (BA) 

331 and BTA. According to the reported second-order rate constants for reactions of free 

332 radicals with these three probe compounds (Table S4) and kinetic experimental results 

333 (Figure S17), the steady-state concentrations of •OH and SO4
•– were calculated. The 
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334 steady state concentration of Fe(IV) was determined according to the kinetics of 

335 PMSO2 generation from the oxidation of PMSO (Figure S18). The detailed calculation 

336 processes were shown in Supporting Information Text S3. The steady-state 

337 concentrations of •OH and SO4
•– in the CS/WS2/PDS system were calculated to be 4.36 

338 × 10–14 M and 1.1 × 10–13 M, respectively. The steady-state concentration of Fe(IV) was 

339 calculated to be 3.60 × 10–9 M. Obviously, the steady-state concentration of Fe(IV) is 

340 much higher than the concentrations of •OH or SO4
•–. This result is consistent with the 

341 quenching experiments of ROS. Taking into account the reaction selectivity of ROS to 

342 different organic compounds, the relative contributions of free radicals and non-radical 

343 ROS were evaluated. This evaluation was based on the calculated steady-state 

344 concentrations of ROS and reported second-order rate constants of free radicals towards 

345 BTA. The relative contributions of •OH, SO4
•– and Fe(IV) in the CS/WS2/PDS were 

346 estimated to be 27.7 %, 8.9 % and 63.4 %, respectively, based on the Eqs 3 - 16. These 

347 results further indicated that Fe(IV) was the primary ROS responsible for the 

348 degradation of BTA.

349  (3)𝑘𝑜𝑏𝑠, 𝑁𝐵𝑡 =   𝑘•𝑂𝐻, 𝑁𝐵[ •𝑂𝐻]𝑠𝑠 𝑡

350  (4)𝑘𝑜𝑏𝑠, 𝐵𝐴𝑡 =   𝑘•𝑂𝐻, 𝐵𝐴[ •𝑂𝐻]𝑠𝑠𝑡 +   𝑘𝑆𝑂4•–, 𝐵𝐴[𝑆𝑂•–
4 ]𝑠𝑠 𝑡

351  𝑘𝑜𝑏𝑠, 𝐵𝑇𝐴𝑡 =   𝑘•𝑂𝐻, 𝐵𝑇𝐴[ •𝑂𝐻]𝑠𝑠𝑡 +   𝑘𝑆𝑂4•–, 𝐵𝑇𝐴[𝑆𝑂•–
4 ]𝑠𝑠𝑡 +  𝑘𝐹𝑒(𝐼𝑉), 𝐵𝑇𝐴[𝐹𝑒(𝐼𝑉)]𝑠𝑠 𝑡

352 (5)

353 (6)[ •𝑂𝐻]𝑠𝑠 =
𝑘𝑜𝑏𝑠, 𝑁𝐵

𝑘•𝑂𝐻, 𝑁𝐵
 



20

354 (7)[𝑆𝑂•–
4 ]𝑠𝑠 =

𝑘𝑜𝑏𝑠, 𝐵𝐴 ―  𝑘•𝑂𝐻, 𝐵𝐴[ •𝑂𝐻]𝑠𝑠

𝑘𝑆𝑂4•–, 𝐵𝐴

355  (8)
𝑑[𝑃𝑀𝑆𝑂2]

𝑑𝑡 =  ― 𝑘𝑃𝑀𝑆𝑂, 𝐹𝑒(𝐼𝑉)[𝐹𝑒(𝐼𝑉)]𝑠𝑠[𝑃𝑀𝑆𝑂]

356   (9) =  
∆ 𝑃𝑀𝑆𝑂2

∆ 𝑃𝑀𝑆𝑂  =  
[𝑃𝑀𝑆𝑂2]

[𝑃𝑀𝑆𝑂]0 ― [𝑃𝑀𝑆𝑂]

357 Substitution of Eq 13 into Eq 14 yields:

358  (10)
𝑑[𝑃𝑀𝑆𝑂2]

[𝑃𝑀𝑆𝑂]0 ―
1

[𝑃𝑀𝑆𝑂2]

= 𝑘𝑃𝑀𝑆𝑂,  𝐹𝑒(𝐼𝑉)[𝐹𝑒(𝐼𝑉)]𝑠𝑠𝑑𝑡

359 Integrating Eq 15 can yield:

360  (11)𝑙𝑛
[𝑃𝑀𝑆𝑂 ]0

[𝑃𝑀𝑆𝑂]0 ―
1

[𝑃𝑀𝑆𝑂2]

= 𝑙𝑛
[𝑃𝑀𝑆𝑂 ]0

[𝑃𝑀𝑆𝑂 ] = 𝑘𝑃𝑀𝑆𝑂,  𝐹𝑒(𝐼𝑉)[𝐹𝑒(𝐼𝑉)]𝑠𝑠𝑡 =  ― 𝑘𝑜𝑏𝑠𝑡

361   (12)[𝐹𝑒(𝐼𝑉)]𝑠𝑠 =  
𝑘𝑜𝑏𝑠

𝑘𝑃𝑀𝑆𝑂, 𝐹𝑒(𝐼𝑉)

362 [Fe(IV)]ss = (13)
𝑘𝑜𝑏𝑠, 𝑃𝑀𝑆𝑂

𝑘𝐹𝑒(𝐼𝑉), 𝑃𝑀𝑆𝑂

363 (14)𝑅 •𝑂𝐻 =  
𝑘 •𝑂𝐻, 𝐵𝑇𝐴[   •𝑂𝐻]𝑠𝑠

𝑘𝑜𝑏𝑠,𝐵𝑇𝐴

364 (15)𝑅𝑆𝑂•–
4 =  

𝑘𝑆𝑂•–
4 , 𝐵𝑇𝐴[  𝑆𝑂•–

4 ]𝑠𝑠

𝑘𝑜𝑏𝑠,𝐵𝑇𝐴

365 (16)𝑅𝐹𝑒(𝐼𝑉) = 1 ―  𝑅 •𝑂𝐻 ― 𝑅𝑆𝑂•–
4

366 Where [•OH]ss, [SO4
•–]ss and [Fe(IV)]ss are the steady-state concentrations of •OH, 

367 SO4
•– and Fe(IV), respectively; kobs is the pseudo-first-order rate constant;  is the yield 

368 of PMSO2; ,  and  are the relative contributions of •OH, SO4
•– and 𝑅•𝑂𝐻 𝑅𝑆𝑂•–

4 𝑅𝐹𝑒(𝐼𝑉)

369 Fe(IV) on the oxidation of BTA, respectively.

370 3.5. Mechanisms of BTA degradation promoted by WS2

371 To further confirm the acceleration of the Fenton reaction by WS2, the 

372 decomposition of PDS was monitored. In the CS/PDS system, less than 5 % of the PDS 

373 was consumed within 120 min, whereas the introduction of WS2 greatly increased the 

374 decomposition efficiency of PDS to 66 % within 120 min (Figure S19a). The 
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375 decomposition of PDS fitted well with pseudo-first order kinetic model (Figure S19b), 

376 and the apparent rate constant (k) of PDS decomposition increased by 161 times from 

377 5.18 × 10-5 min-1 in the CS/PDS system to 8.33 × 10-3 min-1 in the CS/WS2/PDS system. 

378 In addition, the significantly enhanced characteristic adsorption peaks of EPR spectra 

379 trapped by DMPO also indicated that the introduction of WS2 accelerated the Fenton 

380 reaction and ROS production (Figure 4a). 

381 Although all previous results showed that WS2 could indeed accelerate the Fenton 

382 reaction process in the CS/WS2/PDS system, it remained unclear how actually WS2 

383 affected this process. It could be presumed that the introduction of WS2 accelerated the 

384 Fenton reaction in two ways: (1) WS2 catalyzed the decomposition of PDS; (2) WS2 

385 acted as a reducing agent to accelerate the Fe3+/Fe2+ cycle in the system, thus promoting 

386 the decomposition of PDS. To test this hypothesis, 1,10-phenanthroline and F- were 

387 used as masking agents for Fe2+ and Fe3+ in the system, respectively. The aim was to 

388 investigate whether the iron ions released from the copper slag and iron cycling play a 

389 key role in the degradation of BTA. As Figure 6A shows, upon the addition of 1,10-

390 phenanthroline, BTA degradation was almost completely inhibited. These results 

391 indicated that the direct depletion of PDS by 1,10-phenanthroline can be excluded 

392 (Figure S20). Therefore, these results suggested that Fe2+ did play a key role in the BTA 

393 degradation in the CS/WS2/PDS system. The results also negated the hypothesis that 

394 the accelerated Fenton reaction after the introduction of WS2 might be due to the direct 

395 activation of PDS by WS2. 
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396 In the section 3.2 was demonstrated that the pH decrease after the introduction of 

397 WS2 in the system only slightly contributed to the accelerated Fenton reaction. These 

398 results also indicated that the Fe2+ ions in the system probably originated from the 

399 conversion of Fe3+ by WS2 rather than from dissolution from CS. To further confirm if 

400 Fe3+/Fe2+ transformation had a crucial role in the degradation of BTA, F- (KF) was used 

401 as a masking agent for Fe3+ to disrupt the Fe3+/Fe2+ cycle. As shown in Figure 6B, the 

402 addition of F- significantly inhibited the degradation of BTA in the CS/WS2/PDS 

403 system, and indicated that the accelerated Fe3+/Fe2+ cycle was indeed crucial in the 

404 degradation of BTA. The color change of the supernatant after the reaction also 

405 revealed the difference of iron species in different systems (Figure S21). It can be 

406 observed that the color of the supernatant is orange-red due to the high concentration 

407 of Fe3+ in the CS/PDS system, whereas the supernatant after the reaction in the 

408 CS/WS2/PDS system is basically colorless. 

409 Dissolved iron species variation was monitored to further investigate the Fe3+/Fe2+ 

410 transformation in the CS/WS2/PDS system (Figure 6C). In the CS/PDS system, Fe2+ 

411 was almost undetectable during the whole reaction process, while Fe3+ concentration 

412 increased gradually in the first 20 min and then remained constant. This result can be 

413 attributed to the formation of an iron oxide passivation layer on the surface of the 

414 catalyst, which deactivated the catalyst and prevented contact between Fe3+ and the 

415 catalyst. In the case of the CS/WS2/PDS system, Fe2+ concentration increased 

416 continuously over time. The maximum concentration of dissolved Fe2+ reached 18.67 
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417 mg/L, which was much higher than in the CS/PDS system. Obviously, the introduction 

418 of WS2 facilitated not only the transformation from Fe3+ to Fe2+, but also the release of 

419 iron species from CS by preventing the formation of the iron oxide passivation layer. 

420 Furthermore, the Fe2+/Fe3+ ratio continued to increase over time (Figure 6D). 

421 Additionally, a good positive relationship between Fe2+/Fe3+ ratio and BTA removal 

422 efficiency also revealed a high efficiency of WS2 in acceleration of the Fe3+/Fe2+ 

423 cycling and BTA degradation (Figure S22). XPS spectra of W 4f was recorded in order 

424 to certify the reduction of Fe3+ by W4+. As it is shown in Figure 6E, two distinct 

425 characteristic peaks of used WS2 at 35.1 eV and 37.5 eV were observed. These peaks 

426 could be ascribed to the W(VI) 4f5/2 and W(VI) 4f7/2, while the peaks at approximately 

427 32.5 eV and 34.6 eV were assigned to W(IV) 4f5/2 and W(IV) 4f7/2, respectively [25]. 

428 Obviously, the W6+ content on the surface of WS2 increased after reaction in 

429 comparison with fresh WS2 (from 15.8 % to 30.7 %), which further indicated that W4+ 

430 on the surface of WS2 was oxidized to W6+ by Fe3+ (Eq 17).

431  (17)𝐹𝑒3 + + 𝑊4 +  → 𝐹𝑒2 + + 𝑊6 +

432 S2- in the system might also have contributed to the Fe3+/Fe2+ conversion. Previous 

433 study on the promotion of the iron cycle by WS2 found that the reduction ability of WS2 

434 to Fe3+ was much stronger than that of WO2. Reducing S species served as an electron 

435 donor and enhanced the regeneration of Fe2+ [63]. Furthermore, the reducing S species 

436 in pyrite also generally acts as an electron donor for Fe3+ to promote iron cycling [64, 

437 65]. Thus to confirm the contribution of reducing S species in the generation of Fe2+, S 
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438 2p XPS spectra were analyzed. As shown in Figure S23, S2- was the major species in 

439 the fresh WS2, whereas a new peak emerged at ~ 163.6 eV in the used WS2, which was 

440 assigned to S0. Obviously, S2- served as electron donor that also participated in the 

441 regeneration of Fe2+ (Eq 18).

442  (18)𝐹𝑒3 + + 𝑆2 ―  →𝐹𝑒2 + + 𝑆0

443 Subsequently, the interfacial behavior of the Fe3+/Fe2+ transformation was 

444 investigated by monitoring dissolved iron species and surface-bound iron species. As 

445 shown in Figure 6F, it was found that surface Fe2+ was much higher in concentration 

446 than dissolved Fe2+ in the CS/WS2/PDS system, which means that the Fe3+/Fe2+ 

447 conversion should occur on the surface of WS2 or CS. Owing to the fact that WS2 is 

448 insoluble in aqueous solution, but WS2 is the only electron donor of Fe3+, it can be 

449 concluded that the Fe3+/Fe2+ cycle primarily occurred on the surface of WS2. Since the 

450 zero charge point of WS2 is located at pH = 2.2 [25], WS2 is negatively charged in the 

451 CS/WS2/PDS system due to the deprotonation, which is favorable for the adsorption of 

452 Fe3+ (The pH of the solution decreases from 3.0 to 2.4 throughout the reaction). In spite 

453 of the fact that Fe3+/Fe2+ occurred around the surface of WS2, the activation of PDS and 

454 degradation of BTA should be assigned to a homogeneous processes. Since WS2 is 

455 usually negatively charged, absorption of PDS (S2O8
2-) on the surface of WS2 is 

456 prevented by the electrostatic repulsion. Fe2+ produced on the surface of WS2 is 

457 dissolved further into the solution due to high solubility, and these dissolved Fe2+ ions 

458 dominate the PDS decomposition. The degradation of BTA in the Fe2+/WS2/PDS and 
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459 Fe3+/WS2/PDS systems was conducted to analyze this process. The concentrations of 

460 Fe2+ and Fe3+ were set as 1.65 mg/L and 4.0 mg/L respectively, which are consistent 

461 with the dissolved Fe2+ and Fe3+ concentrations in the CS/WS2/PDS system at 60 min. 

462 The results showed that both Fe2+/WS2/PDS and Fe3+/WS2/PDS systems achieved 

463 efficient BTA degradation within 120 min (Figure S24). These results suggest that an 

464 efficient PDS activation and BTA degradation can be achieved through the acceleration 

465 of the homogeneous Fe3+/Fe2+ cycle by WS2, even at low iron ion concentrations. It is 

466 noteworthy that the degradation rate of BTA in both Fe2+/WS2/PDS and Fe3+/WS2/PDS 

467 systems was higher than that in CS/WS2/PDS system, which may be due to a very low 

468 level of dissolved iron in the CS/WS2/PDS system at the beginning of the reaction.

469 Scheme 1 illustrates the co-catalytic mechanisms of WS2 in the CS/PDS Fenton 

470 reactions. Firstly, Fe3+ in aqueous solution absorbs on the surface of WS2 due to the 

471 electrostatic attraction. Subsequently, Fe3+ adsorbed on the surface of WS2 is reduced 

472 to Fe2+ by W4+ (Eq 20), while the surface W4+ is oxidized to W6+. Then, the produced 

473 Fe2+ on the surface of WS2 dissolves further into the solution due to its high solubility. 

474 And then, PDS is activated by dissolved Fe2+ to produce Fe(IV) and free radicals to 

475 attack BTA. Finally, Fe3+ produced in the system participates in the next cycle.
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476

477 Figure 6. (A) Effect of 1,10-phenanthroline on the degradation of BTA; (B) Effect of 

478 KF on the degradation of BTA; (C) Time profiles of iron species concentrations 

479 (dissolved Fe and surface-bound Fe); (D) The dissolved Fe2+/Fe3+ ratio in the different 

480 systems; (E) The W 4f XPS spectra of WS2 before and after use; (F) Comparison of 

481 dissolved Fe2+ and surface-bound Fe2+ concentrations in the CS/WS2/PDS system. 

482 Reaction conditions: [BTA]0 = 20 mg/L, [PDS]0 = 3 mM, [CS]0 = 10 g/L, [WS2]0 = 4 

483 g/L, [1,10-phenanthroline]0 = 0.1 M, [KF]0 = 0.1 M, pHinitial = 3.0. 

484

485
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486 Scheme 1. WS2 accelerated Fe3+/Fe2+ cycle to promote the Fenton reaction’s efficiency.

487 3.6. BTA degradation products

488 Possible degradation products of BTA in CS/WS2/PDS system were detected using 

489 a GC-MS. The products of BTA degradation can be divided into two categories: 

490 compounds produced by electron transfer and compounds produced by oxygen atom 

491 transfer. The main compounds formed are: 1-hydroxybenzotriazole, phenylhydrazine, 

492 aniline, nitrosobenzene, nitrobenzene, azobenzene and azoxybenzene. The possible 

493 degradation pathways of BTA in the CS/WS2/PDS Fenton system are proposed in 

494 Figure 7. The first step was mainly hydroxylation of the pyridine ring in BTA to 

495 generate 1-hydroxybenzotriazole. This product could be further oxidized by the rupture 

496 of the pyridine ring, resulting in the generation of phenylhydrazine and aniline. On the 

497 one hand, aniline could be oxidized to nitrosobenzene by oxygen atom transfer. On the 

498 other hand, two molecules of aniline could be linked to form azobenzene, which could 

499 be further oxidized to azoxybenzene through the oxygen atom transfer. The specific 

500 MS spectra of the BTA degradation products in the CS/WS2/PDS system are shown in 

501 Figure S25. Interestingly, there are some degradation intermediates generated via 

502 transfer of oxygen atom, which seem to be different from those that were expected to 

503 be formed from SO4
•– and/or •OH mediated oxidation. This result further suggests that 

504 Fe(IV) should be the primary ROS that was responsible for the degradation of BTA.
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505

506 Figure 7. The proposed degradation pathway of BTA in the CS/WS2/PDS system.

507

508 3.7. WS2 accelerated reduction of Cr(VI)

509 Cr(VI) is a toxic metal that is widespread in aqueous environments. Treatment of 

510 Cr(VI) in waste water and drinking water has been a great challenge. Coexistence of 

511 Cr(VI) and organic pollutants in the environment is a common phenomenon. Because 

512 of that, there is a great need for the development of a system that will be able to 

513 simultaneously eliminate Cr(VI) and organic pollutants. In this study, WS2 was used as 

514 a co-catalyst for simultaneous removal of Cr(VI) and BTA in the CS/WS2/PDS system.

515 As it was explained earlier, preliminary investigations were conducted in the CS/PDS 

516 system, and, separately, in the WS2/PDS system. As Figure 8 shows, CS/WS2/PDS 

517 system showed a remarkable promotion of Cr(VI) reduction, in comparison with the 

518 CS/PDS system. Despite the major iron species of CS is ferrous iron (Fe2SiO4, fayalite), 

519 CS/PDS system had a very low reduction rate of Cr(VI). This result can be explained 

520 with a very stable spinel structure of fayalite in which iron ions are surrounded by a 

521 silicon-oxygen tetrahedral or octahedral lattice. Because of that, iron ions in CS are 
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522 difficult to be released and used. Moreover, the slow Fe3+/Fe2+ cycle also inhibited the 

523 reduction of Cr(VI). A moderate reduction efficiency of Cr(VI) was obtained in the 

524 WS2/PDS system. Cr(VI) could not be completely reduced by WS2 even in a high 

525 dosage (4 g/L). As it is well known, Cr(VI) usually exists in the form of oxyanions in 

526 aqueous solution (Cr2O7
2- or CrO4

2-) (Figure S26). The surface of WS2 in the 

527 CS/WS2/PDS system is negative charged due to the deprotonation which causes 

528 electrostatic repulsion between WS2 and Cr(VI) and hinders reduction of Cr(VI) 

529 Because of that, in this system Cr(VI) preferably reacts with Fe2+ due to the electrostatic 

530 attraction. Furthermore, WS2 preferably reacts with Fe3+ to generate Fe2+ which is 

531 confirmed by a constantly elevated Fe2+ concentration in the system (Figure 6C and D). 

532 In order to further understand the mechanisms of Cr(VI) reduction, Cr(VI) 

533 reduction experiments were conducted without BTA (Figure 8B). The results showed 

534 that Cr(VI) cannot be reduced by PDS, which reacts differently than H2O2. As it is well 

535 known, Cr(VI) can be quickly reduced by H2O2 in acidic conditions. Moreover, 

536 previous studies reported that H2O2 could be activated by both Cr(VI) and 

537 [CrIII(H2O)y](OH)x to generate •OH, which was used in degradation of 4-chlorophenol 

538 [8, 66]. However, Cr(VI) can hardly activate PDS due to the more stable SO3-O-O-SO3 

539 structure. Even PDS is unable to reduce Cr(VI) due to the high redox potential [E0 

540 (S2O8
2-/SO4

2-) = 2.01 eV] (Figure 8B). Approximately 20 % of Cr(VI) was reduced by 

541 CS alone. However, the addition of CS and WS2 to the reaction system made the 

542 reduction efficiency of Cr(VI) higher than 70 % in 10 min. As discussed above, the 
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543 addition of WS2 not only accelerated the Fe3+/Fe2+ cycle, but also the dissolution of 

544 Fe2+ due to the decreased solution pH. Fe2+ preferably reacts with Cr(VI) than with WS2 

545 due to the electrostatic attraction. Furthermore, a significant positive correlation 

546 between production of Fe2+ and reduction of Cr(VI) further confirms that Fe2+ in the 

547 system has a key role for the reduction of Cr(VI) (Figure 8C). In order to confirm 

548 whether the Fe3+/Fe2+ cycle accelerated by WS2 had a main role in the Cr(VI) reduction 

549 process, F- (KF) was used as a masking agent for Fe3+, to disrupt the Fe cycle in this 

550 system. F- is able to form FeF3 precipitate with Fe3+, while F- cannot be oxidized by 

551 PDS due its chemical stability. The effect of F- on the reduction of Cr(VI) in the 

552 CS/WS2/PDS system is shown in Figure 8D. The addition of F- significantly inhibited 

553 the reduction efficiency of Cr(VI) in the CS/WS2/PDS system (reduced by 50.2%), 

554 which should be ascribed to the destruction of Fe3+/Fe2+ cycle through the formation of 

555 FeF3 precipitate. Moreover, the reduction efficiency of Cr(VI) in the CS/WS2/PDS-F- 

556 system was even lower than that in the WS2/PDS system. The reduction of Cr(VI) in 

557 the CS/WS2/PDS-F- system almost stopped after 10 min. This result can be explained 

558 with the formation of a dense FeF3 passivation layer on the surfaces of WS2 and CS, 

559 which interrupts the electron transfer between WS2/Fe2+ and Cr(VI). As it is shown 

560 earlier, the Fe3+/Fe2+ cycle does play a crucial role in the reduction of Cr(VI), in which 

561 WS2 acts as an electron donor to facilitate the efficient conversion of Fe3+ to Fe2+. 

562 Finally, the XPS spectrum was employed to the detect the reduction products of 

563 Cr(VI). As it is shown in Figure S27, Cr(III) was identified as the main reduction 
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564 product of Cr(VI) in the reaction system used. Since the solution pH < 3.0, soluble Cr3+ 

565 was the main species of Cr(III), rather than FeCr2O4 or Cr2O3 precipitates (Figure S28). 

566 We have demonstrated that iron ions played the main roles during the reduction of 

567 Cr(VI) in the CS/WS2/PDS system. To further investigate whether the Cr(VI) reduction 

568 was dominated by homogeneous or heterogeneous reactions, the Zeta potential of the 

569 copper slag was measured. As it is shown in Figure S29, the zero charge point of copper 

570 slag is at pH = 2.2. Because of that, the copper slag surface is negatively charged 

571 throughout the reaction due to the deprotonation in the CS/WS2/PDS system. Obviously, 

572 this is unfavorable for the contact reduction of Cr(VI) due to electrostatic repulsion. 

573 Furthermore, WS2 surface is also negatively charged due to its low zero potential point 

574 (pHpzc = 2.2) and deprotonation. This also negates the contact reduction of Cr(VI) on 

575 the surface of WS2. According to all these facts it can be presumed that the reduction 

576 of Cr(VI) in the CS/WS2/PDS system is dominated by the homogeneous Fe2+. To 

577 confirm this presumption, Cr(VI) reduction in the Fe2+/WS2/PDS and Fe3+/WS2/PDS 

578 systems was performed (Figure S30). The concentrations of Fe2+ and Fe3+ were set as 

579 1.65 mg/L and 4.0 mg/L respectively, which are consistent with the dissolved Fe2+ and 

580 Fe3+ concentrations in the CS/WS2/PDS system at 60 min. The results showed that both 

581 Fe2+/WS2/PDS and Fe3+/WS2/PDS systems achieved efficient Cr(VI) reduction within 

582 120 min, which is generally in agreement with the results in the CS/WS2/PDS system. 

583 In other words, the homogeneous iron is able to achieve efficient Fe3+/Fe2+ conversion 

584 and Cr(VI) reduction with the assistance of WS2, even at a very low dissolved iron 
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585 content. 

586 According to the previous discussion, it can be claimed that the reduction of Cr(VI) 

587 in the CS/WS2/PDS system mainly occurred in the solution through homogeneous 

588 reactions, while the Fe3+/Fe2+ transformation primarily occurred on the surface of WS2, 

589 as it is shown in Scheme 2. Firstly, Fe3+ generated from the oxidation of Fe2+ by Cr(VI) 

590 absorbs on the surface of WS2. Then WS2 surface produces H2S to expose W4+. W4+ 

591 preferentially provides electrons to Fe3+, rather than to Cr(VI), due to the electrostatic 

592 repulsion between WS2 and Cr(VI). Subsequently, the Fe2+ produced on the surface of 

593 WS2 dissolves back into solution to reduce Cr(VI). Additionally, surface W4+ can also 

594 directly donate electrons to Cr(VI) around the WS2 surface.

595

596 Figure 8. (A) Reduction of Cr(VI) in the mixed systems; (B) Reduction of Cr(VI) 

597 without BTA; (C) Reduction of Cr(VI) and production of Fe2+ without BTA; (D) Effect 
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598 of F- on the reduction of Cr(VI), [Cr(VI)]0 = 20 mg/L, [BTA]0 = 20 mg/L, [CS]0 = 10 

599 g/L, [WS2]0 = 4 g/L, [KF]0 = 0.1 M, pHinitial = 3.0.

600
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602 Scheme 2. WS2 promoted reduction of Cr(VI).

603

604 3.8. Influencing factors affecting the removal of BTA and Cr(VI)

605 The impacts of pH, PDS concentration and water matrix on the BTA degradation 

606 and Cr(VI) reduction were evaluated. As it is shown in Figure 9A and B, both, the BTA 

607 degradation and Cr(VI) reduction were sensitive to the solution pH. BTA degradation 

608 gradually decreased as the initial solution pH raised from 3 to 10. Obviously, acidic 

609 solution pH was more favorable to BTA degradation than neutral or alkaline conditions. 

610 Lower pH accelerates the release of iron ions from CS, which is favorable for both, the 

611 PDS decomposition and BTA removal. On the contrary, one part of iron ions will 

612 precipitate at neutral or alkaline pH, which has an adverse effect on the PDS 

613 decomposition. In case of Cr(VI) reduction, acidic solution pH is also more favorable 

614 than neutral or alkaline conditions. On the one hand, acidic conditions would bring out 
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615 more dissolved iron ions from the CS. On the other hand, when the solution pH is lower 

616 than the zero charge point of the CS, the surface of the CS will have a positive charge 

617 due to the protonation. This situation is more conducive to the removal of Cr(VI) by 

618 electrostatic attraction between the CS and Cr(VI) oxygen-containing anions (Cr2O7
2- 

619 or CrO4
2-). PDS concentration can also influence the degradation efficiency of BTA. 

620 BTA degradation efficiency increased with the PDS concentration in the CS/WS2/PDS 

621 system (Figure 9C). Furthermore, the kinetic parameters were well fitted with the 

622 pseudo-first-order model, while the apparent rate constant (kobs) was linearly correlated 

623 with PDS concentration (Figure S31A and B). Hence, the BTA degradation is of the 

624 first-order with regard to PDS concentration. Interestingly, increased initial PDS 

625 concentration also resulted in an improved Cr(VI) removal (Figure 9D). This result 

626 could be ascribed to the increased H+ concentration that derived from PDS 

627 decomposition, which could facilitate the dissolution of iron ions from the CS. 

628 Meanwhile, the enhanced surface protonation of the CS also increased electrostatic 

629 attraction between Cr(VI) and the CS. As a consequence, the removal efficiency of 

630 Cr(VI) was increased. 

631 The simultaneous removal of BTA and Cr(VI) in a real water (mine water, river 

632 water and tap water) was also investigated (Figures 9E and F). The degradation rate of 

633 BTA was obviously inhibited in the real water. The decreased Fenton reaction rate in a 

634 real water of CS/WS2/PDS system could be attributed to the competitive consumption 

635 of ROS by complex ingredients in real water (Table S5), such as dissolved organic 
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636 matter and interfering ions. Tap water had the most significant effect on the BTA 

637 degradation. This observation might be ascribed to the consumption of ROS by the high 

638 concentration of chloride ions (Table S5). In case of Cr(VI) removal, a similar trend 

639 was found in the real water. This result could be attributed to consumption of Fe2+ and 

640 W4+ by oxidizing species in a real water (e.g., nitrite or nitrate). Fortunately, good 

641 removal efficiency can still be achieved in 120 min except for the tap water. These 

642 results suggested that the CS/WS2/PDS is a promising system for wastewater treatment.

643

644 Figure 9. The impacts of the initial solution pH on BTA degradation and Cr(VI) 

645 reduction (A and B), PDS concentration (C and D) and water matrix (E and F). Reaction 

646 conditions: [BTA]0 = 20 mg/L, [Cr(VI)]0 = 20 mg/L, [PDS]0 = 3 mM, [CS]0 = 10 g/L, 

647 [WS2]0 = 4 g/L, pHinitial = 3.0.

648 3.9. Stability and Reusability

649 As a final part of this study, the stability and reusability of the CS and WS2 were 

650 evaluated. The characteristic peaks and mineral speciation in XRD patterns of the CS 
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651 and WS2 before and after reaction show no visible changes in any of these components 

652 after the reaction (Figure 1A). These results are not surprising because CS has a high 

653 chemical stability due to the spinel structure of fayalite. SEM images of used CS and 

654 WS2 also show that their microstructures are consistent with those of fresh CS and WS2 

655 (Figure 1B). Obviously, both the CS and WS2 have high stability in the treatment of 

656 sewage. The recycling behavior of a CS/WS2 mixture was evaluated in a semi-

657 continuous batch cycle experiment [34]. Five continuous cycles were conducted, and 

658 each time fresh micro volumes of concentrated BTA and Cr(VI) solutions were added 

659 to the system. The results in Figure S32 show that both, the removal efficiency of BTA 

660 and Cr(VI) remained 100 % throughout all five cycles. These results indicated a high 

661 remediation capacity of the CS/WS2 mixture in the treatment of the combined pollution 

662 in wastewater.

663 4. Conclusions 

664 In this study, a copper slag mediated persulfate Fenton system was constructed, in 

665 which WS2 served as a co-catalyst. The applicability of this system in simultaneous 

666 elimination of BTA and Cr(VI) was investigated. Fayalite was identified as the main 

667 mineral component of the CS. The CS was able to release iron ions continuously for 

668 AOPs, while WS2 served as a co-catalyst in acceleration of the rate-limiting step of the 

669 Fe3+/Fe2+ conversion and in prevention of Fe3+ precipitation. In this process, Fe3+/Fe2+ 

670 conversion primarily occurred on the surface of WS2, whereas decomposition of PDS 

671 and degradation of BTA mainly occurred through homogeneous Fenton reactions. The 
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672 reactive oxygen species detection experiments showed that Fe(IV) was the main ROS, 

673 followed by hydroxyl radicals and sulfate radicals. The detailed kinetics calculation 

674 indicated that Fe(IV) was responsible for 63.4 % of the degradation of BTA, while 

675 hydroxyl radicals and sulfate radicals accounted for 27.7 % and 8.9 % of BTA 

676 degradation, respectively. The Fe3+/Fe2+ cycle accelerated by WS2 had a crucial role in 

677 the reduction of Cr(VI). Similarly to the degradation of BTA, the reduction of Cr(VI) 

678 occurred mainly through the homogeneous reactions. Dissolved Fe2+ had the main role 

679 in the reduction of Cr(VI). Considering its low cost and good performance in a removal 

680 of the organic pollutant and the heavy metal, the CS/WS2/PDS system is considered to 

681 have a good potential for the treatment of mine pollution.
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