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Abstract

This work systematically studied the kinetics and mechanism of degradation of
salicylhydroxamic acid (SHA), benzhydroxamic acid (BHA) and N-
hydroxyphthalimide (NOP) by UVA-B/H,O0, and UVA-B/peroxodisulfate (PDS).
UVA-B irradiation could induce a direct photolysis of SHA and dominated SHA
destruction in both systems. BHA and NOP were effectively degraded via HO"- and
SO4-mediated oxidation. UVA-B/PDS displayed a better degradation performance
for HAAs investigated than UVA-B/H,0,. An acidic pH was more suitable for three
HAAs removal in the UVA-B/H,0, system. However, basic pH was more efficient
for HAAs degradation in the UVA-B/PDS system. The degradation of BHA and NOP
was predominantly driven by SO, at all pH levels used (5.0 - 9.0). The second-order
rate constants for SHA, BHA and NOP reactions with HO® and SO, were calculated
to be (4.16 - 5.22) x 10°M!'s'l and (1.19 - 7.22) x 10° M-!-s'1, respectively. Presence
of various water constituents had different influence on HAA removal, with a
enhancement in the presence of HCO;-, Fe** and Cu?". When real waters were used as
a background, dissolved organic carbon and CI- were the main factors that consumed
radicals and affected the degradation performance of HAAs. Analysis of the
transformation products and density functional theory revealed that all of the
investigated HAAs first generated amidated products but the formation mechanisms
might have been different. HAAs degradation pathways mainly included hydrolysis,
hydroxylation, decarboxylation and ring opening processes. Toxicity evaluation
showed that the UV/AOP degradation of HAAs generated some transformation
products with higher acute toxicity than the parent compounds.

Key words: Hydroxamic acid; UVA-B irradiation; Degradation kinetics;

Hydroxyl and sulfate radical; Transformation pathway;



1. Introduction

The development of highly industrialized world economy has led to an enormous
burden on mine resources and the environment [1-2]. Excessive exploitation of
minerals has led to the depletion of ore resources. Lean ore that is difficult to utilize is
becoming the main source of some minerals [3]. Concerns of the decline in high grade
mineral resources and ever-growing mineral consumption have resulted in the
consumption of organic flotation agents for extraction of target metals that annually
exceeds one million tons [4-5]. Over the past decades, several typical hydroxamic
acids (RCONHOH) anionic collectors: salicylhydroxamic acid (SHA),
benzhydroxamic acid (BHA) and N-hydroxyphthalimide (NOP) have been
extensively used in flotation of oxidized copper minerals, scheelite, some rare earths
and low grade niobium tailings [6-9], especially in the Gannan area of China [10].
The dosage of HAAs collector used usually 90 - 250 uM depending on the mineral
deposit and flotation process, and approximately 35 - 100 uM residual HAAs end up
in the industrial wastewater [11-14]. They can increase chemical oxygen demand
content of wastewater [10, 15]. Moreover, the accumulation of nitrogen elements
from HAAs in water can induce eutrophication and deteriorate water quality, thus
posing adverse influences on the aquatic ecosystems [10, 15]. Hydroxamic acids have
physiological toxicity due to the presence of a benzene ring in their structure. Among
these three HAA flotation agents, NOP manifests toxicity, persistence, mutagenicity
and carcinogenicity that are similar to other nitrogen-heterocyclic compounds [16].
Many studies have also reported that numerous synthetic hydroxamic acids have been
shown to be highly mutagenic and carcinogenic [17]. Furthermore, residual flotation
reagents might chelate metal ions from the tailings ponds, leading to an increased

bioavailability and toxicity of metal, and causing secondary pollution [3, 18]. In this
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context, investigation of processes and mechanisms for efficient removal of these
hydroxamate collectors from the effluents, is of great significance for prevention of
potential ecological and health risks.

Numerous researches have been conducted so far, which were aimed at the
treatment of flotation reagents from mineral processing wastewaters using
coagulation-sedimentation, biological treatment and advanced oxidation processes
(AOPs). Although coagulation-precipitation and biological treatments are, to some
extent, more cost-effective than AOP (Table S1), these methods have limitations, such
as sludge generation which requires additional treatment, high input of chemicals,
long treatment cycle and strict requirements that must be fulfilled to maintain
microbial cultures active and viable [19-21]. Because of that, and due to their
simplicity and high efficiency, AOPs have been regarded as an emerging and
promising alternative [22-23]. Traditional AOPs typically involve the generation of
non-selective hydroxyl radicals (HO*), which degrade recalcitrant organic pollutants
in wastewaters via electron transfer, hydrogen abstraction or electrophilic addition
reactions [24]. Sulfate radical-based AOPs have also attracted a lot of attention,
because sulfate radical (SO4~) has a higher redox potentials (2.5 - 3.1 V) than HO*
(1.9 - 2.7 V) especially at higher pH values [25]. SO, can react with contaminants
via electron transfer or H-abstraction, decarboxylation and hydroxylation reaction
[26]. It has been reported that emerging pharmaceuticals, food dyes and herbicide can
be effectively removed in SO4-based AOPs [27-29]. Generally, the photo-activation
in AOPs is driven by UVC radiation (254 nm) [30-31]. Nevertheless, in comparison
with UVA-B radiations (280 - 400 nm), UVC lamps require higher energy and they
are more expensive so their utilization is not suitable for long-term pollutant removal
processes [31]. From an economical point of view, the use of UVA-B radiation can
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reduce the operating cost and can even be replaced with the UV fraction of the solar
light for a real-scale application, making it more sustainable. Studies employing
UVA-B/AOP have been attracting increased interest because they have proved that
these processes are efficient technology for the removal of various contaminants, such
as plasticizer, hormones and flotation reagents [21, 30-31]. For example, Lu and
coworkers reported a high efficiency of the UVA-B induced S,Og?* process for the
oxidative degradation of a new flotation reagent a-Nitroso-f-naphthol [21].

Research regarding the removal of HAA in mineral processing wastewater is still
quite limited. There are only a few reports focused on the preparation of
photocatalytic material for degradation of HAA [10, 15, 18]. Nevertheless, these
reports did not investigate the transformation mechanisms of HAA in great details.
Some important details such as identification of the transformation products and
evaluation of their toxicity, and the effects of some parameters such as pH, common
water matrices, etc. are still unclear. At present, no systematic studies have
investigated the degradation of HAA by UVA-B/AOP both, kinetically and
mechanistically. In our present study, in order to elucidate degradation kinetics and
the mechanism, three representative aromatic HAAs were selected as the target
pollutants: BHA with the basic structure of HAAs, SHA with the phenolic hydroxyl
structure and NOP with the nitrogen-heterocyclic structure (Table S2). These model
compounds are expected to provide valuable reference for degradation of other HAAs
collectors by UV/AQOP.

Considering all aforementioned facts, the objectives of the present work were to:
(1) explore the influence of typical parameters (including the oxidant dosage, pH and
water matrices) on the reaction kinetics during the UVA-B/H,0, and UVA-B/PDS
degradation processes of SHA, BHA and NOP; (2) determine the roles of active
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species (HO® and SO,™) and the second rate constants in degradation reactions of the
target contaminants; (3) assess the degradation performance of three HAAs in two
types of real waters; (4) conduct product analysis coupled with density functional
theory (DFT) in order to provide insights into the reaction mechanisms and pathways
of HAAs, which is essential for the toxicity assessment.

2. Materials and methods

2.1 Chemicals and materials
The specific information about all chemicals used in this study can be found in
Text S1 of the Supplementary Material.

2.2. Experimental setup for photochemical procedures

A BL-GH-V photoreactor (Bilon, Shanghai, China) was utilized for the UVA-
B/AOP destruction experiments of SHA, BHA and NOP. UVA-B radiation was
sourced from a UV mercury lamp equipped with a filter that provides light in the
wavelength range from 280 to 400 nm. The reaction mixture temperature was
maintained at 20 + 1°C using a cooling system. The solution pH was maintained using
a 2 mM phosphate buffer solution. Except when otherwise stated, the photochemical
experiment was conducted in a solution containing H,O, or PDS at 1.8 mM and HAA
(i.e. SHA, BHA and NOP) at 60 uM, and at initial pH of 7.0 £ 0.1. At predefined time
intervals, 1.0 mL of the solution was withdrawn from the reaction mixture, 50 pL of
methanol was added to quench the residual radicals and the sample was immediately
sent for further analysis. Dark controls were included in each batch of the samples,
and no loss of HAAs was found in the dark. All experiments were conducted in
duplicate or triplicate.

2.3. Analytical methods



The quantitative details of SHA, BHA, NOP, benzoic acid (BA) and
nitrobenzene (NB) were listed in Text S2 and Table S3. The analytical method used
for identification of the transformation products (TPs) is described in Text S2. The
free radical species were identified by Electron spin resonance (EPR) spectra (A300
EPR Spectrometer, Bruker, Germany). The DFT calculation method using ORCA
software (Version 4.2) and Multiwfn software is provided in Text S3 [32-34]. Total
organic carbon (TOC) was measured via a TOC analyzer (Shimadzu TOC-L, Japan).
The acute toxicity of untreated and UVA-B/AOP treated HAAs samples was assessed
by the evaluation of luminescence inhibition of the marine bacterium Vibrio fischeri
[35]. The luminescence intensity was determined photometrically using a Microtox®
Model 500 Analyzer (Modern Water, Cambridge, UK). The ecological structure-
activity relationship (ECOSAR) program was applied to evaluate the acute and
chronic toxicities of HAAs and their transformation products (TPs) at three trophic

levels of aquatic organisms [36].
3. Results and discussion

3.1. Comparison of HAAs degradation by UVA-B/ H,0, and UVA-B/PDS oxidation
The HAAs removal in the UVA-B/AOP systems followed pseudo-first-order
reaction kinetics. The obtained degradation rates and pseudo-first-order degradation
rate constants (k,,s) of HAAs investigated at various H,O, and PDS dosages are
clearly depicted in Fig. 1. During UVA-B irradiation, SHA was rapidly
photodegraded with a ks of 0.0980 min! (Fig. 1a). In contrast, no measurable direct
photolysis of BHA and NOP was observed during UVA-B irradiation (Fig. 1b-c). It
has been reported for direct photolysis that the emission spectra of the light source
ought to overlap with the absorption spectra of the target contaminants [37].

Absorption spectra of SHA presents a major absorption band in the UVA-B region
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(294 nm, Fig. S1), corresponding to 1 — =m* transition. However, strong absorption
bands in this region were not found in BHA and NOP spectra. This observation
reveals that the probability for direct photolysis of SHA is much higher than that for
the other two HAAs. Moreover, hydroxyl (-OH) substituents present in SHA
molecule are electron-donating groups capable of increasing electron density of the
aromatic ring. This feature might make SHA more susceptible to excitation and more
photosensitive [38]. During the UVA-B exposures, a remarkable degradation of
HAASs was observed in the H,O, and PDS reactions and the removal rates increased
as the oxidant concentrations increased (Fig. 1). These results imply that HO, and
PDS can be UVA-B photochemically activated to degrade HAAs through production
of highly oxidative radical species (R S1-2, Table S4). Similar result was found by
Huang et al.,, who indicated that UVA-B fraction of solar light could efficiently
activate PDS and H,O, resulting in the removal of Bisphenol-A [30].

With the H,O, concentration increase from 0.6 to 2.4 mM, the k., of BHA
increased from 0.0106 to 0.0231 min’!'; the k,,s of NOP increased from 0.0052 to
0.0121 min''. However, as the H,O, concentration increased, SHA removal did not
correspondingly enhance as expected and the ks (0.0959 - 0.1016 min'!) remained
almost the same as the rate constants of direct photolysis. It is generally accepted that
higher HO® levels are generated with increased initial H,O, concentration in the
UV/H,0, system. Accordingly, the authors reasonably speculated that in the reaction
of HO® with SHA the reaction rate constant might be much lower than that of direct
photolysis. From this point on, the discussion on SHA degradation will mainly
address the effect of the direct photolysis and UVA-B/PDS treatment. Regarding the
UVA-B/PDS system, with increase in PDS concentration from 0.6 to 2.4 mM, the ks
of SHA, BHA and NOP degradation increased from 0.1068, 0.0178 and 0.0093 min!
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to 0.1519, 0.0520 and 0.0355 min!, respectively. It is obvious that the removal
efficiency of UVA-B/PDS process was always higher than that in UVA-B/H,0,
process at the same oxidant ratio. Such discrepancy might be ascribed to the following
mechanisms: First, the O—O bond in S,Og? is longer and has lower energy than the
O-0O bond in H,O,. As a result, under UVA-B irradiation PDS is activated more
easily than H,O, and the apparent quantum yield of PDS photolysis is higher than that
of H,O, photolysis [21]. Second, the self-recombination of SO,4™ and the reaction of
SO, with its precursor are much slower than that of HO® (R S3-4, Table S4) [39].
Consequently, SO, in the UVA-B/PDS process is produced more efficiently than
HO’ in the UVA-B/H,0,; process.
3.2 Effect of pH

To study the effect of pH on the process efficiency, a series of degradation
experiments was conducted with 60 UM HAAs at pH values of 5.0, 7.0 and 9.0. The
results are plotted in Fig. 2. It can be noticed that at the end of the treatments with
UVA-B only (20 min), the photolytic removal of SHA at pH values of 5.0, 7.0 and 9.0
reached 76.93%, 86.09% and 93.13%, while the corresponding k., were 0.0722,
0.0980 and 0.1337 min’!, respectively (Fig. 2a). Many reports have indicated that the
dissociation constant (pKa) value can significantly affect the photochemical
degradation efficiency. However, the results differ from one study to another, possibly
due to the high dependence on the degree of ionization of the model compounds. For
instance, in comparison with other pH conditions, at the pH conditions related to the
pKa values of difloxacin (4.33 and 9.05), a slower photodegradation rate of this
compound was found by Prabhakaran et al [37]. Comparatively, Latch et al. showed
that triclosan was rapidly photodegraded at pH values above its pKa [40]. SHA is a
hydroxamic acid derivative of salicylic acid, with pKa value of 7.4 for the
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hydroxamic acid group and 9.8 for the phenolic hydroxyl group [41]. Interestingly,
the photolysis rate of SHA increases with the increase in pH, i.e., with increase in the
fraction of a deprotonated form of SHA. These results suggest that hydroxamate form
has higher photoreactivity as compared to the molecular form. This observation
highlighted that the ionization state of the SHA molecules is one of the key elements
to affect its photochemical destruction.

During the UV/H,0, process, increase in the pH from 5.0 to 9.0 lowered the
BHA (pKa 8.71) and NOP (pKa 6.10) removal efficiency from 76.22% to 68.16%,
and from 57.25% to 44.51%, respectively in 60 min (Fig. 2b-c). Moreover, at pH
values of 5.0, 7.0 and 9.0, the corresponding observed Kg,spua were found to be
0.0242, 0.0193 and 0.0189 min!, respectively. At the same pH values, Konsnop Were
found to be 0.0146, 0.0108 and 0.0097 min’!, respectively. Actually, the standard
redox potential of HO* varies as the pH of the system varies. Specifically, the standard
redox potential of HO* in alkaline conditions is approximately 1.9 - 2.0 eV which is
lower than that in acidic conditions (2.4 - 2.7 ¢V) [30]. Moreover, the fraction of HO,
(the conjugated base of H,O,) increased with the increase in pH and it could react
with residual H,O; to scavenge the HO® generated (R S5-S7, Table S4), which may
reduce the HO® level that can be produced via UV-activated H,O,. Thus, the decrease
in the oxidation capacity of HO* and increase in the proportion of HO,™ in alkaline pH
conditions could be responsible for inhibition in the degradation of BHA and NOP.

The influence of pH on UV/PDS system exhibited a reverse trend to that of the
UV/H,0, system: with the increase of pH, the removal rate of HAAs increased. For
example, during the treatment time, 79.39%, 92.58% and 97.94% degradation of SAH,
84.56%, 91.42% and 99.75% degradation of BHA, and 70.82%, 76.54% and 81.42%
degradation of NOP were observed at pH 5.0, 7.0 and 9.0, respectively (Fig. 2d-f).
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These results are supported by two mechanisms. First, PDS consumption involved
both non-catalytic and acid-catalyzed pathways. Hence, under acidic conditions, PDS
will be decomposed in a non-radical reaction to generate less reactive substances such
as HSO,4 and SO, instead of SO4™ (R S8, Table S4) [29]. Second, base-activated PDS
activation is enhanced at high pH values (R S9, Table S4) [42]. These factors may
cause a change in HAAs degradation in the UV/PDS reaction. A similar phenomenon
was reported by Tan et al, who noticed that the k,ps of antipyrine degradation by
UV/PDS continuously increased from 1.346 h! at pH 2.5 to 2.005 h! at pH 11.5 [42].
Undoubtedly, a higher HAA removal rate in alkaline conditions, which is the ambient
pH of natural water, is an additional benefit of the utilization of UVA-B/PDS
technology for degradation of HAA.
3.3. Role of radicals in the UVA-B/H,0, and UVA-B /PDS reactions
3.3.1 Identification of the main radical species

As elucidated in Fig. 3a, DMPO-HO® and DMPO-SO," signals observed in the
ESR spectra are an explicit evidence for the existence of both radicals in the system.
To identify the main radical species and quantify their contributions to HAA removal,
specific quenching experiments were conducted. Various radicals can be generated
during the UV/H,0, or UV/PDS processes, including HO®, SO,™, and other secondary
radicals, such as HO,/O,", SOs™~ (R S3, S10-11, Table S4). HAA destruction via
indirect HO,'/O,™ (EO HO2. > 1.0, EO 02..= 0.057 = 0.01V) or SOs™ (EO SOS5..=
1.1v) oxidation was disregarded in this study because of their relatively low E° values
[43]. Tert-butanol (TBA) was selected as a scavenger for HO® due to the fact that its
reaction with HO® (R S12; Table S4) is approximately 3 orders of magnitude faster

than the one with SO4™ (R S13; Table S4). As it has high rate constants with both HO*
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(R S14; Table S4) and SO, (R S15; Table S3), ethanol (EtOH) was used to
effectively scavenge both of these radicals.

Effect of radical scavengers (TBA and EtOH at different concentrations) on the
removal of HAAs in UVA-B/AOP is presented in Fig. 3. As expected, during the
UV/H,0,/TBA and UV/H,O,/EtOH processes (Fig. 3b-c), both, BHA and NOP
degradation were significantly suppressed and the k,,s was reduced by more than 90%.
Considering the fact that direct photolysis of BHA and NOP was negligible,
degradation of these compounds should be solely attributed to the HO®-mediated
oxidation. In general, the SO4™- can react with H,O or OH- (R S16-17, Table S4)
leading to the generation of HO* in the UV/PDS system. As elucidated in Fig. 3e-f,
with the increase in concentration of TBA from 100 to 300 mM, the degradation
processes of BHA and NOP were inhibited by 32.99% - 50.64% and 17.87% -
31.06%, respectively. These results clearly proved the presence of HO® in UV/PDS
system for degradation of HAAs. On the contrary, even at a relatively low
concentration of EtOH, the removal efficiencies of BHA and NOP were reduced to
close to zero. The inhibition effect of EtOH is stronger than that of TBA which
demonstrated that HO* and SO, were predominant active species for BHA and NOP
removal in the systems investigated. The degradation of SHA in the UV/PDS reaction
was inhibited by only 2.09% - 7.88% in the presence of 100 - 300 mM TBA, while
the degradation rate of SHA was almost identical to the UVA-B photolysis alone in
the presence of 100 - 300 mM EtOH (Fig. 3d). These results imply that the indirect
photodegradation of SHA was highly depended on SO,4™.

3.3.2. The contribution of radicals to the degradation of SHA, BHA and NOP in the

UVA-B/PDS system

12



Fig. 4 illustrates the contribution of radicals to the removal rates of HAAs during
the UVA-B/PDS processes at each of the pH levels used. The details on the
calculation of the contributions of UVA-B photolysis, HO*, and SO, on HAAs
removal are provided in Text S4. At pH 5.0, 7.0 and 9.0, the contributions of SO4™ to
degradation of SHA were calculated to be 6.96%, 24.27% and 31.85%, respectively.
These results imply that the degradation of SHA via the SO,--mediated oxidation is
becoming more prominent with increase in pH. Even so, direct photolysis was still the
dominant part of kyps (more than 65%), demonstrating that the SHA destruction was
primarily owned to the UVA-B photolysis. At the pH values used in this study (5.0,
7.0, and 9.0), the contributions of SO,4™ to degradation of BHA were 92.56%, 90.56%,
95.33%, and to degradation of NOP were 85.78%, 91.91%, 92.01%, respectively.
Taken as a whole, no matter how their contributions changed, the degradation of BHA
and NOP in the UVA-B/PDS system were always predominantly driven by SO,™,
whereas HO® played a much less important role. Similar trends were reported by
Hoang et al, who revealed that in the UV/PDS degradation of methyl orange, SO,™
was the main radical while the contribution of HO* was much lower [44].

3.3.3 Second-order rate constants of HO® and SO, reacting with three HAAs

The second-order rate constants of the reactions of HAAs with HO® and SO,™
achieved by using a competition kinetics approach (Text S4). The results revealed a
different reactivity of the pollutants investigated in this work. As explained in the
Section 3.2.1, HAAs were mainly removed in the reactions mediated by HO® and
SO,. The second-order rate constants of BHA and NOP with HO® were calculated to
be 5.22 x 10° M!-s! and 4.16 x 10° M-!-s! (Fig. 5a). The second-order rate constants
of SHA (the contribution of the direct SHA photolysis has been deducted), BHA and
NOP with SO, were calculated to be 4.83 x 10° M!-s1, 7.22 x 10° M!-s'! and 1.19 x
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10° M-!-s! (Fig. 5b). It is found that the rate constant of the reaction between NOP
and SO, was approximately four times lower than the one between SHA and SO,
and approximately six times lower than the one between BHA and SO,™. Considering
the electrophilic nature of SO,-, aromatic compounds with a stronger electron-
donating substituent are prone to react with SO, [25]. This fact can explain the lower
reactivity of NOP than SHA and BHA since -NHOH is a stronger electron-donating
substituent than -OH on the heterocycle. Moreover, the second-order rate constants
between each of the HAAs investigated and HO® or SO, have the same order of
magnitude and they are close to the diffusion control limit. These results indicate that
these HA As are vulnerable to the electrophilic attacks by both, HO* and SO, [38].
3.4. The influence of NOM and water matrix

3.4.1 The influence of NOM and inorganic anion

The influences of NOM and CI-, HCO5 and NOs, four prevalent natural water
constituents, on the removal of SHA, BHA and NOP by the UV/AOP system were
systematically investigated. Studying the reactivity of the water matrixes towards
radicals will contribute to gain insights into the destruction of HAAs by AOPs in
natural and engineered water systems.

The presence of HA that served as a surrogate of the aquatic NOM, considerably
slowed down the removal rate of three HAAs (Fig. 6). The inhibitory effect of HA
further exacerbated with increase in its concentration. In particular, in the presence of
10 mgC L' HA, direct photolysis rate of SHA was reduced by 71.43%. The reaction
rates of BHA and NOP degradation in UV/H,0, system decreased by 53.89% and
50.92%, respectively, while the reaction rates of SHA, BHA and NOP removal in
UV/PDS system decreased by more than 75%. The combination of light screening
effect and radical scavenging effect are the primary causes of this phenomenon. First,
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NOM can screen a fraction of light due to an inner filter effect, which can hinder the
photochemical generation of reactive radicals from the oxidant or inhibit the direct
photolysis of SHA. Second, HA can competitively react with HO® and SO4™ (R S18-
19, Table S4), making them less available for reaction with HAAs [38, 45]. It is
noteworthy that the inhibitory effect of high levels of HA (10 mgC L") is observed to
be more pronounced in the SO,--mediated oxidation than in the HO'-mediated
oxidation. This result can be ascribed to the phenolic and carboxylic moieties in the
HA molecule. These groups are vulnerable to SO, attack via electron transfer and
decarboxylation mechanisms, which can further reduce the amount of SO, available
for reaction with the target contaminants [38].

The inhibitory impact of CI- on the HO® and SO,--mediated oxidation of
pollutants has been extensively documented in the literature, and examples included
isoproturon [29], amoxicillin [39], oxytetracycline [46]. As illustrated in Fig 6a-c, the
presence of Cl in the system during the UV/AOPs process suppressed kops of the
HAAs to different extent. This effect was probably caused by reaction of CI- with HO*
and SO, that might produce lower reactive radicals at a high reaction rate (CIOH™,
CI" and Cl,~, R S20-26, Table S4) [25, 29]. However, it was observed that the
inhibition in the UV/PDS system (0.43 - 30.10% reduction) was obviously higher than
that in the UV/H,0, system (0 - 7.41% reduction). Although CI- can scavenge HO" at
a relative high reaction rate (R S20, Table S4) [25], there is also a rapid reverse
reaction, and the net result is only a partial consumption of HO* by CI-.

Many studies reported that the presence of CO;2- and HCOj5™ can not only change
the alkalinity of natural waters but they are also able to compete with target
compounds to react with radicals during various AOPs. In general, HCOj; plays a
negative role in AOPs owing to the scavenging effect on radicals (R S27-30, Table
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S4). Unexpectedly, a positive impact of HCO5;~ on HAAs degradation was discovered
in this study. Chen et al. also observed the promoting effect of HCO;  toward
propranolol degradation during the UV/PDS process [47]. The promotion of HCO;5"
might be explained by two related aspects. First, the occurrence of HCO3™ can change
the alkalinity of the solution. The pH of the reaction mixture varied from 7.0 to 7.6
when the concentration of HCOj3™ increased from 1 mM to 10 mM, causing the pH
effect as described in Section 3.2. This fact can largely interpreted why k,,s of SHA
barely changed in the presence of 0.1-1 mM HCOj3- while kyps of SHA increased by
27.86% (UV only system), and by 36.94% (UV/PDS system) in the presence of 10
mM HCO;. Second, the kg, increased in the UV/H,0, system within low
concentrations range (0.1 - 1 mM; pH 7.0 - 7.1) when the solution was introduced
with HCOs, although the rate should have remained stable or dropped, if only taking
the changes in alkalinity into consideration. This indicates that the reaction between
secondary radicals CO; and HAA might have been involved. Although the redox
potential of CO5™ (1.78 V, pH 7) is lower than the one of HO® and SO,", they are
highly selective for electron-rich compounds, for example, nitrogen- and sulfur-
containing substrates and aromatic compounds [48]. Due to the existence of a lone
pair of electrons on the hydroxamic acid group, HAAs belong to the electron-rich
compounds. Therefore, in this work, the reactions of CO5™ with HAAs that contain an
electron-rich hydroxamic acid moiety compensated the loss of HO® and SO, and
even enhanced the removal efficiency of the process. Hence, HCO5; might play a
mayjor role in the practical application by promoting HAAs degradation and should not
strictly be regarded as a radical scavenger.

The results are presented in Fig. 6 from which it can be seen that the removal of
three selected HAAs in the UV/AOP systems was affected by addition of NOs- to
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varying degrees. Theoretically, the absorption spectra of NO;  in solution are
dominated by weak bands of n— n* transitions of non-bonding n-electrons at
approximately 300 nm and 360 nm. They can absorb some radiation within the UVA-
B region (280 - 400 nm), thereby producing (via direct photolysis of NO;-, R S31-32,
Table S4) additional HO® at a low quantum yield [49-50]. As depicted in Fig. S1, the
strong absorption peak of NO;  at 301 nm also supports this possibility. Previous
work by Peng et al reported that the presence of NO5~ could enhance the removal of
diclofenac by UV/peroxymonosulfate treatment because NO;~ can be activated to
generate HO® under UV irradiation [51]. In the UV/PDS system, the k,,s of NOP in
the presence of 0.1 - 10 mg/L NO;s increased by 6.81%, 8.51% and 24.25%,
respectively, suggesting that the ks increased with increasing concentration of NO;~.
At the same time, the k., of BHA increased by 11.48%, 15.05% and 2.29%,
respectively and the highest k,ps was obtained at 1.0 mM NO;~. The reason for this
difference may be that in the presence of high levels of NOjs-, the excessive NOjs-
might compete with PDS for incident UV. This might reduce the production of SO,™
and, accordingly, decrease the k,,; of BHA degradation. On the contrary, the high
reactivity of the HO* toward NOP compensated for the decreased contributions of
SO, and maintained a higher k,ps for NOP. Additionally, the addition of 0.1 - 10 mM
NOs;™ lowered the kg,s of SHA by 0.46% - 14.53% in the UV/PDS system, which is
likely ascribed to the ability of NO3- to compete with PDS for UVA-B photons and to
generate low-reactivity HO® with SHA. It is also noted that NOs- can scavenge both
HO® and SO~ according to R S33-34 (Table S4). However, NO; exhibits
insignificant impact in both systems, due to its low reaction rates with both, HO* and
SO,

3.4.2 The influence of metal cations
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Metal ions are widely distributed in mineral processing wastewater. Several
transition metals (including Fe?*, Fe’*, Cu?" and Mn?") were investigated for their
effects on degradation of three HAAs in the UVA-B/AOP system. As presented in Fig.
7b-c, the degradation of BHA and NOP enhanced with increase Fe?* concentration in
both, UV/H,O, and UV/PDS systems. It has been well established that common
transition metals are able to activate H,O, or PDS to generate more radical species.
Furthermore, it has been observed that BHA and NOP are eliminated much more
efficiently in the UV/H,0,; system than in the UV/PDS system. This can be explained
by the fact that the activation rate of H,O, (70 M-! s!) by Fe?' is higher than the
activation rate of PDS (27 M! s7I, R S35-36, Table S4). In fact, excessive Fe?" were
reported to potentially lead to undesired competition reactions which rapidly scavenge
radicals (R S37-38, Table S4). This phenomenon was not found in this study, possibly
because the Fe?* concentration was below the inhibition threshold.

Fe3* can act as a catalysts to generate HO® in UV/ Fe3'/H,0, system via two
pathways: (1) a classical Fenton-type reaction for Fe’*/H,0, system (R S35, S39-41,
Table S4) [46]. However, this reaction is sensitive in a relatively narrow pH range of
2.5 - 4.0. (2) photosensitizing effect of FeOH?* provides in situ Fe?" for the Fenton
reaction (R S42, Table S4). Nevertheless, FeOH?" mainly exist in a pH range of 2.5 -
5.0. Additional HO* can barely be produced in the present UV/Fe’*/H,0, system
because the solution pH is 7 and Fe3" exist primarily as Fe(OH)>", Fe(OH); and
FePO,. This can explain why the presence of Fe3' ions did not efficiently enhance
degradation of BHA and NOP during the UV/H,0,; process. Similar phenomena have
been observed in the UV/PDS system.

Unlike Fe3*, Cu?" ions were capable of activating H,O, or PDS in a broader pH
range. As expected, the presence of Cu?" also enhanced the removal of HAAs in
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UV/H,0, and UV/PDS systems. Differently, the kobs of HAAs in the presence of
Cu?" followed a bell-shaped trend with increase their concentrations. This
phenomenon can be caused by the following reasons: First, higher Cu?* concentration
reduces the UV transmittance effect, and then interfere with the formation of radical
species. At the same time, Cu®* slows down the reaction of UV photons with the
precursors of the radical species [52-53]. Second, one part of HO® and SO, was
scavenged by the excess Cu?*. It should be noted that the photodegradation of SHA
was inhibited when high levels of Fe?*/Fe3"/Cu?" were added to the solution. Possible
explanation for this observation might be the fact that: SHA easily forms chromatic
complexes with transition metal ions which can reduce the UV transmittance effect.

Regarding the influence of Mn2?*, no difference in HAAs degradation was
observed with Mn?" concentration ranging from 0 to 0.1 mM in UV/AOP systems.
Anipsitakis and Dionysiou have proved that Mn?" was an ineffective activator for
H,0, and PDS [54]. When the concentration of Mn?* increases to 1.0 mM, the
degradation of HAAs were inhibited during both UV/H,0O, and UV/PDS processes,
probably due to excess Mn?* compete with HA As for reactive radicals.
3.5. Performance of the UVA-B/AOP processes and radicals’ consumption
distributions in real wastewaters

To evaluate the practical performance of the UV/AOP process, HAAs were used
as model target contaminants and two real waters (WE and SW) from a non-ferrous
smelting assembly were used as a background. The sources and the major water
quality parameters of the real water samples are listed in Table S5. Fig. 8a presents
that the direct photolysis rate of SHA in WE is slightly inhibited compared to that in
the Milli-Q water, while it is reduced by 11.73% in SW. In the HO'-mediated AOP
process, the ks sua iIn WE and SW were 17.09% and 38.34% lower than that in the
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Milli-Q water (Fig. 8b). The kopsnop in WE and SW were 21.29% and 27.78% lower
than that in the Milli-Q water (Fig. 8c). On the other hand, in the SO,--mediated AOP
process, the k,,s of SHA and NOP decreased by 12.75%, and 14.04% in WE, and
17.31%, and 22.13% in SW, respectively. Unexpectedly, the k,,s of BHA slightly
increased by 6.63%, and 3.82% in two real waters.

These results can be further explained by the discussion of the consumption
distributions of HO® and SO,4™ in two water samples. The calculation details are given

by Eq. (1) [55]:

KabCh
Ryp=————x100% (1)
2, - 1KapCp

where R,;, and k,}, are the radicals consumption fraction (%) and second-order
rate constant (M!'s! or Mc!'s!) of a radical (a) with a specific water matrix (b),
respectively, and C, is the concentration (M or M¢) of b.

The calculated results are plotted in Fig. 8d-f. It is obvious that the presence of
NOj;™ and HCOj;™ did not noticeably contribute to the consumption of HO* or SO,4™ in
two actual waters owe to either low reactivity or low concentration (< 0.01 mM). In
the UV/H,0O; process, 15.82% - 18.17% and 26.76% - 29.61% of HO" reacted with CI-,
in WE and SW, respectively. However, since the reactions are reversible, the real
fraction of HO* consumed by CI- is probably much lower than the value calculated in
this work. Dissolved organic carbon (DOC) scavenged 23.77% - 27.15% and 27.99%
- 30.98% of HO", in WE and SW, respectively, suggesting that the DOC contained in
the real water samples is the key factor to inhibit the removal of target pollutants
during the UV/H,0, process. Nevertheless, there was a remarkable difference in the
consumption distributions of HO® and SO,". Fig. 8e exhibits that BHA (95.18% -

97.37%) was the main component responsible for SO, consumption. DOC and CI-
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scavenged less than 5% of the SO,™. In comparison, 84.06% and 73.70% of SO, was
consumed by NOP in the WE and SW, respectively. The percentages of SO,
scavenged by Cl- and DOC are 6.87% - 13.64% and 8.86% - 12.32%, respectively,
which may interpret why a larger decrease was found in the kqps of NOP, but not in
BHA. These phenomenon show that NOP degradation during UV/PDS process in real
water was much more inhibited by water matrix than degradation of BHA. It should
be noted that more than 90% of SO, in UV/PDS systems was consumed by SHA, but
the ky,s of SHA in WE and SW were still 12.75% - 17.31% lower than in the Milli-Q
water. This can possibly be due to the shielding effect of DOM that weakens SHA
removal via direct photolysis. Even so, relatively satisfactory degradation of the
HAA s investigated can be achieved by the UV/PDS process in real wastewaters.
3.6. Proposed degradation pathway and mechanism

As indicated above, the efficient degradation of hydroxamic acids was achieved
in the UVA-B/AOP system. Nevertheless, to further understand the practical
application potential of this technology, prior evaluation of the formation of TPs is
necessary. Fukui function has been previously used in many studies to predict the
active sites on organic molecules [56-57]. Generally, in the compound, the atom with
the higher f° is more vulnerable to a radical attack, while the atom with the higher f* is
more vulnerable to an electrophilic attack [56-57]. The condensed Fukui function of
HAAs with the calculated values listed in Table S6. The degradation pathways of
HAAs were proposed by combining the detected intermediates (Table S7) with the
calculated Fukui index. For f°, the highest values occurred at C1, C2, C3 and O7 in
the molecule of SHA; at C2, N8, O9 and O10 in the molecule of BHA; at C1, C2, N8,
O10 and OIl1 in the molecule of NOP, depicting that the radical attacks were
supposed to occur around those atoms (Table S6).
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Based on the identified TP structures and Fukui index, detailed transformation
mechanism and pathways of HAAs in the UVA-B/AOP system are preliminarily
proposed and exhibited in Fig. 9. Initially, owing to the higher value of f° and the
highest values of f, the reactive sites N8 of BHA and N8 of NOP as the active sites
for the electrophilic attack were attacked by radical and formed amidated products
(TP9 and TP15). However, SHA also generated amides although the f° and f* values
of N10 were lower than those of other atoms, suggesting that TP1 may be formed by
direct photolysis rather than by free radical attack. Agnieszka et al. have clarified the
photodegradation mechanism of SHA (Scheme 1) [58]: under UV radiation, SHA
forms a compound with a structure between a nitrene and an oxazirene. This reaction
proceeds by hydrogen elimination from the hydroxamic nitrogen and detachment of a
hydroxyl group, and finally by rearrangement of the rest of the molecule to o-
hydroxyphenylisocyanate. Next, o-hydroxyphenylisocyanate picks up two hydrogens
from the solution to produce salicylamide. Subsequently, these amidated products are
further hydrolyzed into the corresponding carboxylic acids. According to the
described reaction sequence, it can be reasonably speculated that the formation of the
corresponding carboxylic acid from HAA is considered as the initial degradation
reaction step, which might be generalized to the degradation pathway of HAA
collectors with more complex structures.

Hydroxylation is a significant reaction pathway induced by HO® or SO, attack,
and the aromatic ring may be a preferable hydroxylation reaction site, but the reaction
mechanism is discriminating. The reaction mechanism between HO® and the aromatic
ring is electrophilic attack, that is, hydrogen abstraction and/or hydroxyl addition to
unsaturated carbon [59-60]. However, due to its electrophilic property, SO,
preferentially undergoes electron transfer reactions. In this process, a direct electron
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transfer from an aromatic ring to SO4™ produces a short-lived sulfate radical adduct.
This adduct is able to undergo the elimination of a sulfate anion and form a radical
cation. Finally, the radical cation generates -OH adducts by hydrolysis [59, 60-61].
Based on the described mechanism, similar hydroxylation TPs, such as TP1 and TP5
(in the degradation pathway of BHA), TP2, TP3, TP10, TP12, TP14 and TP16, could
be generated through the direct attack of different radicals on the respective positions
of the aromatic ring. This is consistent with the aforementioned prediction of the
Fukui index, which estimates that these sites with larger f values are susceptible to
radical attack.

In the transformation pathway of BHA, the formation of TP5 and TP12 had two
potential pathways: one is a hydroxylation of TP11 on the aromatic ring and the other
one is a hydrolysis of the amine groups in TP1 and TP10. Regarding TP5 with
monohydroxy structure, the hydroxyl group can act as a strong electron donor, which
makes the ortho/para positions more electron-rich [62]. Theoretically, oxidants tend to
attack the ortho and para positions of the aromatic ring, with the production of multi-
hydroxyl (two to three -OH groups) intermediates, such as 2,3-dihydroxybenzoic acid
(TP4) or 2,5-dihydroxybenzoic acid (TP6). Nevertheless, they were not detected in
this study, which could be possibly due to lower yield, rapid transformation, or simply
absence of formation. A similar phenomenon of a missing intermediate was also
reported by Ding et al [63]. Even so, it seems to be one of the possible TPs if their
generation really follows the pathway of reaction. At the end of the reaction, mass
balance calculations also confirmed the presence of some unidentified TPs (Table S8).

In the NOP oxidation system, TP5 and TP11 were also identified as the products
of TP17, and they were generated first by attack on the a-C of carboxylic group,
followed by a decarboxylation mechanism. Subsequently, further decarboxylation
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from TP11 results in the formation of TP13, which is consistent with the recent study
on degradation pathway of dimethyl phthalate proposed by other researchers [63]. As
shown in Scheme 2, the TP5 would be deprotonated to produce 2-hydroxybenzoate as
an intermediate whose carboxylate group might be attacked and then converted to
TP7 or completely eliminated to generate TP8 [64]. Furthermore, TP7 was also likely
to be formed in a reaction of an aromatic substitution in TP8 which preferentially
directs -OH addition to its electron rich ortho site [65]. Finally, all these
hydroxylation and decarboxylation products can be further oxidized, leading to the
breakage of the benzene ring, and production of a series of short-chain aliphatic acid
(2-butenoic acid, butyric acid, etc.).

Evaluation of the double bond equivalent (DBE) of the transformation products
is helpful for structure elucidation, and the results are presented in Table S7. All
transformation products had DBE values distributed between 4 and 7, indicating
which of these TPs might have a single aromatic ring (the benzene ring shows DBE
values of 4). Those of TPs with DBE values of 5 and 6 are likely aromatic rings with
a double bond in the side chain. For TPs having 8 carbon atoms and DBE = 7, they
are more likely to have a N-heterocyclic structure. Generally, epoxy, acyl, carbanyl or
carboxy groups can induce a unit increase in DBE value per compound while ether
and hydroxy groups make no contribution to the DBE values [66]. This means that
decarboxylic reaction process results in a reduction of the DBE value by 1 for TPs,
while the hydroxyl addition on the aromatic ring cannot change their DBE values. The
products with DBE =1 or 2 do not have any aromatic structures and could be assigned
to short-chain aliphatic acids which are generated by the breakage of the benzene ring.
Overall, proposed structures of TPs were further proved via the DBE values.

3.7. Mineralization of HAA
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TOC is used as a measure of mineralization of target organic pollutants. As it can
be observed in Fig. 10, direct photolysis is sufficient for a complete destruction of
SHA during UV process only, but the level of SHA mineralization in terms of TOC
removal is very low. This could be ascribed to the fact that TPs of SHA are not
susceptible to direct photolysis. By contrast, 6.75% TOC was removed after 20 min of
irradiation and reached 21.67% after 60 min of irradiation in the UV/PDS system. For
the other two HAAs, i.e., BHA and NOP, the TOC removal was 13.33% and 8.73% in
UV/H,0, system, while the TOC removal in UV/PDS system was 18.14% and
14.93%, respectively, after 60 min of the reaction time. These results indicate that
UV/PDS process is more efficient in degradation of BHA, NOP and their TPs, which
leads to the higher mineralization as compared to the UV/H,0, process. Furthermore,
a large fraction of HAAs was transformed into their TPs without a complete
mineralization, possibly because production of radicals-resistant TPs relative to HAAs.
Accordingly, a longer treatment time is probably needed for further mineralization.
Fig. S2 also shows the consumption of H,O, and PDS during the degradation of
HAAs, which was relatively a slow process. There were only around 13.13-14.58%
H,0, and 19.61-20.86% consumption in 60 min. Although sufficient oxidants can
induce further decomposition of TPs, the oxidant utilization efficiency may need to be
enhancement, which was significant for a mineralization.

3.8. Ecotoxicity evaluation

The overall toxicity of the HAAs treated by UV/AOP were evaluated with a
luminescence inhibition assay using Vibrio fischeri. The L/L0 represents the ratio of a
sample luminescence with the initial luminescence (i.e., before treatment at t = 0). A
lower L/LO value indicates a higher acute toxicity. The ecotoxicities of three HAAs
and individual TP were also predicted using the ECOSAR program. Table S9 shows
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that the HAAs and their TPs revealed different ecotoxicity levels for fish, daphnia,
and green algae.

As depicted Fig. 11, in the case of BHA and NOP, similar tendencies of toxicity
could be observed during both the UV/H,0, and UV/PDS processes. Specifically, the
bioluminescence inhibition in Vibrio fischeri at first increased, and then decreased
with the progress of the reaction. Based on the eco-toxicity estimation performed
using ECOSAR, except for TP2 and TP3, the intermediates with amide structure
produced in UV/AOP exhibited higher acute toxicity for all tested aquatic organisms
compared to the parent pollutants. Although with some exceptions, it is observed that
the introduction of -OH groups to the precursor resulted in an enhanced toxicity due
to the increased reactivity of these TPs [29]. This implys that the acute toxicity
increase during HAAs removal during the UV/AOP reaction processes may result
from the formation of these aminated and hydroxylated products. A similar
phenomenon was found when Zhang evaluated the acute toxicity of trimethoprim and
sulfamethoxazole and their TPs by UV/AOP treatment [67]. The overall toxicity
continually attenuated during the subsequent reaction process owe to the further
decomposition of the toxic TPs. Furthermore, the carboxylic acid products such as
TP5, TP11 and TP17, which generally showed lower toxicity than the parent
molecules, may also lead to the change of the total toxicity of the reaction mixture
during the degradation processes. The gradual mineralization of TPs may also be an
important reason for the continuous detoxification of the reaction solution. In the UV
only system, the luminescence of the SHA samples decreased to 85% of the initial
luminescence, suggesting that TPs by direct photolysis slightly increased the toxicity
of the system. The result still had a certain significance, indicatting that UVA-B direct
photolysis can rapidly degrade SHA, but did not cause its mineralization and
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detoxification. SHA samples treated by UV/PDS retained a higher toxicity compared
to the UV photolysis, maybe because highly toxic intermediates, such as TP8 and
TP13, were generated during degradation and their mineralization was not efficient
enough during 20 min. Some intermediates presented a different behavior. For
instance, TP7 was observed to be more toxic toward fish and green algae, but less
toxic toward daphnia than SHA. This phenomenon illustrates that certain precautions
during UV/AOP processes must be considered to prevent the formation of
intermediates that pose an excessive ecological risks. Additionally, the combined
pollution effects of HAAs and heavy metals is an environmental problem that cannot
be ignored. In this regard, the evaluation of the overall toxicity of the system deserves
further discussion.
3.9. Economic comparison of UVA-B/H,0, and UVA-B/PDS processes

Since the UV-based AOPs are typically electric-energy intensive, electrical
energy may account for a major fraction of the operating costs. In order to further
evaluate the practicability of UVA/AOPs for HAAs degradation, an economic
analysis using the EE/O concept was applied and the electrical energy of the UV lamp
and the consumption of oxidants were considered in the EE/O evaluation [68]. A
detailed demonstration of the calculation of the EE/O is provided in SI Text S5. The
higher the EE/O implies lower process efficiency and higher operating cost. As shown
in Table 1, despite direct photolysis accounted for the majority of the destruction of
SHA in both UV only and UV/PDS processes, UV/PDS process is more cost-efficient
than UV process only, indicating that the addition of PDS might have helped to lower
the EE/O. For the BHA and NOP which are degraded mainly by the reactive species,
the energy consumption of UV/PDS process is lower than the energy consumption of
UV/H,0, process with the same oxidant concentration and UV fluence. This depends

27



on the higher degradation rate of BHA and NOP in UV/PDS process. Comprehensive
evaluation of the influence of degradation efficiency, EE/O and TOC on UVA-B/AOP
systems, revealed that UVA-B/PDS process is more efficient and economical for
HAAs removal. Consequently, PDS could be applied as an alternative oxidant in
wastewater containing HAAs treatment.
3.10. Comparison with other AOPs

Table S10 exhibits the main characteristics of the processes used for the removal
of typical floatation reagents by other AOPs and their results are compared with the
current work. It was found that all the AOPs have both, advantages and disadvantages.
Efficiency is a pervasive advantage of these AOPs. O; based AOPs have many
advantages for mineral processing wastewater treatment, but the cost of O; production
is a major limitation for their large-scale application. Among the heterogeneous
catalysts-based AOPs, although synthetic catalysts may be costly, this imperfection
can be compensated by other catalyst properties such as the possibility to recover and
reuse them. However, these synthesized catalysts are currently limited to laboratory-
scale applications, and their further application in industrial-scale wastewater
treatment remains a key challenge. UV-based AOP require a neutral or a basic
solution and therefore, they are simpler to apply and relatively cheaper in comparison
to other AOPs. Some disadvantages that have been observed in the current work, such
as low mineralization rate, and residual sulfate ions, should be considered in further
research.

4. Conclusion

This work reveals that UVA-B/AOP effectively eliminated three typical
hydroxamic acids collectors. The following conclusions can be obtained: Direct

photolysis makes predominant contribution to SHA degradation in UV/H,0, and
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UV/PDS system. However, direct UVA-B irradiation showed negligible impact on
photolysis of BHA and NOP, while the addition of oxidant significantly enhanced the
removal efficiency of BHA and NOP. In the acidic medium, HO® was more efficient
for HAA removal, while SO4 was more efficient for HAA removal in the alkaline
medium. Using a competition reaction kinetics approach, the second-order rate
constants for reactions of HO® and SO, with SHA, BHA and NOP, were determined
to be (4.16 - 5.22)x10° M'-s! and (1.19 - 7.22)x10° M-s!, respectively.
Furthermore, the addition of HA and Cl- inhibited HAAs destruction to different
degrees, while a promotion effect was observed in the presence of HCOs-, Fe?* and
Cu?". However, NO;™ exhibited inconsistent influences on the HAAs degradation,
which depended on the target pollutant. Combined with the intermediates identified
and DFT, it was concluded that degradation of HAAs investigated first produced
corresponding amide products, and then proceeded primarily via hydrolysis,
hydroxylation, decarboxylation and ring opening, from which possible degradation
pathways were proposed. Toxicity evaluation suggested that some TPs with higher
acute toxicities were generated during HAAs degradation processes. It was presumed
that their further decomposition might reduce the overall toxicity of system.

In terms of removal efficiencies in the oxidation process, the UVA-B/PDS
system can be a better alternative for HAAs removal in wastewater, compared to the
UVA-B/H,0, system. Overall, these results show that UVA-B/AOP is a promising
technology to remove HAAs in the actual engineering application. Moreover, in order
to comprehensively assess the performance of UVA-B/H,O, and UVA-B/PDS
systems in degradation of HAAs, and to minimize the knowledge gaps between a
simulated wastewater and a mineral processing wastewater, a further study ought to
be considered to assess a combined pollution system of HAAs and heavy metals.
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Fig. 1. The degradation kinetics and rate constant of SHA (a), BHA (b) and NOP (c)

in the UVA-B/H,0,; system; The degradation kinetics and rate constant of SHA (d),

BHA (e) and NOP (f) in the UVA-B/PDS system; Experimental conditions: [SHA]y=

[BHAJ,= [NOP],= 60 uM, [Oxidant]o= 0 - 2.4 mM, pH = 7.0.
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Fig. 2. Effect of pH on the degradation of SHA (a) in the UVA-B only system;
Degradation of BHA (b) and NOP (c) in the UVA-B/H,0, system; Degradation of
SHA (d), BHA (e) and NOP (f) in the UVA-B/PDS system; Experimental conditions:

[SHA]o= [BHA]y= [NOP],= 60 uM, [Oxidant],= 1.8 mM, pH=5.0 - 9.0.
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Fig. 3. ESR spectrum of UVA-B/AOP systems under DMPO capture agent (a); Effect
of free radical scavenger in the degradation of BHA (b) and NOP (c) in the UVA-
B/H,0, system; Effect of free radical scavenger in the degradation of SHA (d), BHA
(e) and NOP (f) in the UVA-B/PDS system. Experimental conditions: [SHA], =

[BHAJ,= [NOP]o= 60 uM, [Oxidant]o= 1.8 mM, pH = 7.0.
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Fig. 4. Relative contributions of radicals to the degradation of SHA (a), BHA (b) and
NOP (c) in the UVA-B/PDS reactions. Experimental conditions: [SHA]o= [BHA],=

[NOP]o= [NB]o= [BA]o= 60 uM, [Oxidant],= 1.8 mM.
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Fig. 6. Influence of NOM and inorganic anion on degradation of SHA (a), BHA (b)

and NOP (c) in the UVA-B/AQOP system. Experimental conditions: [SHA]y= [BHA],

= [NOP], = 60 uM, [Oxidant], = 1.8 mM, and pH 7.0.
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Fig. 11. Influence on Vibrio fischeri bioluminescence by SHA (a), BHA (b) and NOP
(c) after different treatments. Experimental conditions: [SHA], = [BHA], =

[NOP],= 60 uM, [Oxidant]y=1.8 mM, and pH 7.0.
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Table 1 Economic comparison of UV/AOP for HAA degradation ((HAA], = 60 uM,

[H,O,] =[PDS] = 1.8 mM, and pH 7.

0).

Oxidation processes EE/Oyy (kWh L)  EE/Ogyigant (KkWh L-

EE/Oil (kWh L)

x 10722 Nx 1020 x 1072
SHA uv 2.34 0.11 2.45
BHA UV/H,0, 11.92 0.18 12.10
NOP UV/H,0, 21.04 0.32 21.36
SHA UV/PDS 1.77 0.29 2.06
BHA UV/PDS 5.62 0.30 5.92
NOP UV/PDS 9.53 0.51 10.04

3$0.10 kWh-! (U.S. Energy Information Administration, 2015).

bPS: $0.74 kg ($0.18 mol'); H,04: $1.5 kg ($0.051 mol™).
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Highlights

® Direct photolysis’ contribution to SHA removal was much higher than that of HO*
and SO,

® Second-order rate constant of three HAAs with HO® and SO, were determined.

® At pH 5.0-9.0, the degradation of BHA and NOP were always dominated driven by
SO4".

® DFT calculation was applied to predict the reactive sites and degradation pathways.

®Hydrolysis, hydroxylation, decarboxylation and ring opening were the main
pathways.
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